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 Chapter 1  
General Introduction 
 
The common thread throughout the chapters of my dissertation involved empirical 
tests to the general theory predicting trends in ecosystems undergoing stress, most formally 
defined by Odum (1985).  More recently these proposed trends could be characterized in 
more contemporary terms as a loss or change in ecosystem functioning or health (i.e., 
reduction of resource use efficiency, reduction in nutrient cycling, and alteration of 
community structure and are symptomatic of potential breakdown in overall ecosystem 
functioning due to diminishing homeostatic regulation (Rapport et al., 1998; Rapport and 
Whitford, 1999). 
For my research, changes in ecosystem function are assessed in lentic freshwater 
systems (lakes, reservoirs, impoundments) in a region where the primary stressor, 
anthropogenic eutrophication due to agricultural intensification, has occurred recently (<100 
years) in terms of human history (Mutel, 2008) and homogenously over space (Arbuckle and 
Downing, 2001).  This offers an opportunity to assess contemporary ecosystems responses as 
well as trajectories through time.  Further, from an applied standpoint, portions of my 
research allow us to characterize the pristine or “reference” condition of these systems, 
providing realistic endpoints in terms of restoration and management and elucidating 
potential human practices that may have contributed to declines in ecosystem function.     
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My second chapter looks at changes in diatom community structure in lakes before 
and after anthropogenic eutrophication.  This chapter leveraged niche theory (Hutchinson, 
1965) to hypothesize that if diatom species have differing physiological tolerances for abiotic 
conditions, than we can use that information to predict past conditions based on the aggregate 
of the species’ optima for an environmental variable of interest.  We expected eutrophication 
from nutrient enrichment to lead to significant changes in community structure due to diverse 
competitive advantages between species at different relative nutrient concentrations (Tilman, 
1977) 
This study used diatoms as predictors of TP based on samples taken from the top 
(“modern”) and bottom (“historic”) of dated sediment cores (Hall and Smol, 1992; Ramstack 
et al., 2004).  Diatoms were used to create a quantitative transfer function for diatom inferred 
TP (DI-TP).  Due to the well documented difficulty of these methods in similar systems 
(Fritz et al., 1993; Bennion et al., 2001; Sayer, 2001), qualitative ecological information on 
diatom species preferences for TP was also used to make more general predictions about 
eutrophication in lakes based on shifts in overall species assemblages.  I also corroborated 
the above biological predictors of eutrophication using a geo-physical proxy for primary 
production (biogenic silica). 
Chapter three examined how nutrient cycling, specifically organic carbon (OC) 
burial, changed with eutrophication in natural lakes.  Previous studies have characterized 
global OC burial by lakes based on data primarily from relatively unproductive lakes (Cole et 
al., 2007; Tranvik et al., 2009).  I predicted, however, that increased autochthonous fixation 
of atmospheric carbon (C) by phytoplankton, together with increased transfer of 
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allochthonous OC from the watershed, would lead to significant increases in OC burial 
coincident with eutrophication.  This study analyzed data from nine of the lakes in Chapter 2 
and used the bulk density of organic carbon in dated sediment cores to calculate the flux of 
OC to the sediment from pre-European levels to present.   I also characterized important 
agricultural variables over the same time period and investigated the correlation of intensive 
agricultural practices with OC burial.  OC rates before and after eutrophication were 
compared to a world lake dataset (Mulholland and Elwood, 1982; Downing et al., 2008; 
Sobek et al., 2009) to assess implications to global C cycling as intensive agriculture and 
anthropogenic eutrophication become increasingly prevalent due to rising demands for food 
and fiber (Tilman et al., 2002). 
Chapter 4 expanded on the third chapter by characterizing the increased importance 
of external inputs (and implied decrease in importance of nutrient recycling) as lakes become 
more stressed by nutrient enrichment (Schindler, 1987).  I predicted that as the intensity of 
agriculture increased, external inputs to lakes would rise similarly to what was seen for OC 
burial in the nine lakes from Chapter 3.  This study considered 32 sediment cores from the 
lakes introduced in Chapter 2.  We estimated erosion rates from the dated sediment cores 
based on the relationship between mass accumulation of bulk sediment and magnetic 
susceptibility, a proxy for terrestrial inputs (Heathcote and Downing, 2012).  Burial of matter 
produced within the lake (organic and carbonates) was also estimated.  Sedimentation rates 
for erosional and in-lake produced fractions were estimated from pre-European settlement to 
present and compared to changing agricultural practices.  Cumulative erosion losses from the 
watersheds were estimated based on sediment yield to the lakes and total watershed area.   
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Chapter 5 will depart from looking at changes in ecosystem function across time, and 
will instead examine contemporary data on resource use efficiency by plankton from 
eutrophic lakes in comparison to less productive systems.  Resource use efficiency can be 
characterized in terms of biomass pyramids (Odum and Barrett, 1971) by the ratio of 
consumer (zooplankton) to producer (phytoplankton) biomass. Previous work has suggested 
that the ratio of zooplankton:phytoplankton (Z:P) biomass declines with ecosystem level 
productivity, despite equivalent rates of primary production on the level of the individual 
(McCauley and Kalff, 1981; del Giorgio and Gasol, 1995; del Giorgio et al., 1999).   
I predicted that this loss of resource use efficiency will be even more pronounced in 
the most eutrophic systems and is correlated with increasing dominance of inedible 
Cyanobacteria. The lakes chosen for this study represent a range of primary production not 
previously characterized in the literature and offer a test to how well theory from previous 
work (McCauley and Kalff, 1981; del Giorgio and Gasol, 1995) extends outside the range of 
those models.  For this study, I estimated the rate of change in Z:P biomass based on least 
squares regression of phytoplankton biomass versus zooplankton biomass in 173 eutrophic 
and hypereutrophic lakes.  We estimated Model II regression slopes with and without the 
inedible fraction of phytoplankton (as Cyanobacteria biomass) to assess if our results 
considering edible phytoplankton alone would be more similar to those seen in less 
productive systems. 
This dissertation characterizes changes in a variety of ecosystem functions in some of 
the most stressed ecosystems on the planet.  The chapters in this dissertation evaluate how 
ecosystem stress through eutrophication could bring about changes to community structure, 
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nutrient cycling, external inputs, and resource use efficiency in inland waters.  If these 
changes are significant, it is important that they are quantified so as to better inform how 
eutrophication will impact fresh water resources on a global scale. 
Thesis Organization 
This dissertation includes 5 proceeding chapters, four of which will be, or have been, 
submitted to peer-reviewed journals as separate manuscripts. Chapter 2 will be submitted to 
The Journal of Paleolimnology.  Chapter 3 was published in the journal Ecosystems.  Chapter 
4 is in press in the journal PLoS ONE.  Chapter 5 will be submitted to Limnology & 
Oceanography.  The final chapter will be a brief conclusion of the general findings of this 
dissertation.  
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Abstract 
Intensive agricultural practices can dramatically change the landscape by increasing 
the concentrations and rates at which nutrients are delivered to aquatic ecosystems.  Concerns 
about accelerating rates of eutrophication related to increases in nutrient loading require a 
method of quantifying ecological changes since European settlement.  Traditional 
quantitative TP transfer function approaches have proven difficult in these systems, so 
several approaches were used in this study to assess ecological change consistent with 
eutrophication.  In addition to weighted averaging regression, we compared pre-disturbance 
diatom communities to modern diatom communities using paired boxplots and non-metric 
multi-dimensional scaling.  Biogenic silica (BSi) fluxes were also measured as an 
independent proxy of nutrient enrichment.  Transfer function results showed a trend towards 
increased TP in 88% of the lakes and diatom communities showed shifts to those species 
found in eutrophic lakes in the majority (~70%) of lakes.  BSi fluxes also increased over this 
time period, providing convergent evidence for eutrophication coincident with agricultural 
intensification.  
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Introduction 
Intensive agricultural practices have had  a dramatic effect on rates of eutrophication 
in aquatic ecosystems (Carpenter et al. 1998).  In most freshwater lakes, phosphorus is the 
principal limiting nutrient for eutrophication (Hecky and Kilham 1988; Schindler 1977; 
Smith et al. 1998), and transport of phosphorus to lakes increases as a result of intensive 
agricultural practices in the watershed (Sharpley et al. 1994; Sims et al. 1996).  Because of 
this, pollution of aquatic ecosystems by phosphorus is the primary cause of water quality 
degradation in most freshwater systems; and intensive agriculture is a primary source of this 
pollution.   
Despite the apparently clear link between eutrophication and intensive agriculture, the 
effects are difficult to quantify because long-term water chemistry data are lacking for most 
aquatic ecosystems.  This is especially true for shallow lakes (average depth < 20 m), which, 
despite having a high susceptibility to anthropogenic eutrophication due to their relatively 
low volume, are rarely the focus of long-term studies.  Lacking evidence of pollution from 
long-term monitoring, it becomes difficult to precisely attribute agricultural impacts on 
eutrophication due to the poorly understood and complex nature of non-point source P 
pollution (Withers and Haygarth 2007).    
Anthropogenic eutrophication has negative impacts on fisheries, recreation, and 
ecosystem function associated with it, therefore a better understanding of the driving 
mechanisms behind it is needed.  In regions of intensive agriculture, increased phosphorus 
loads are primarily from non-point sources, such as fertilizer run-off (Carpenter et al. 1998).  
This has caused shallow lakes that were historically described as clear and vegetated to 
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become perennially turbid and barren of aquatic vegetation (Downing et al. 2008).  To 
understand the magnitude and rate of changes coincident with intensive agriculture, it is 
useful to establish the pristine, or reference condition, of these ecosystems prior to significant 
anthropogenic influence.  This approach has been effectively employed to establish nutrient 
pollution criteria in heterogeneous landscapes where reference conditions may be highly 
variable and rigid standards may be unrealistic (Heiskary and Wilson 2008).    
Lake sediments are a valuable historical archive of environmental conditions within a 
lake and its surrounding watershed (Last and Smol 2001; Smol 2008; Smol et al. 2001).  
They provide a long term record of the lake’s history (Wagner et al. 2009) and preserve 
remains of organisms, such as diatom frustules, which can serve as biological indicators of 
lake conditions, including total phosphorus (TP) concentrations (Hall and Smol 1999).     
Diatoms have proven to be the most reliable biological indicator of TP and have been 
widely used as a means of hind-casting past TP concentrations (Smol 2008).  Previous 
studies, however, have documented difficulty in using diatoms to quantitatively infer TP 
enrichment, particularly in shallow lakes due to the dominance of benthic and epiphytic 
species which may be inconsistent in their response to TP (Bennion et al. 2001; Dong et al. 
2008; Fritz 1990; Sayer 2001). Therefore, the effectiveness of reconstructions in these 
systems is dependent on careful model selection (Juggins et al. submitted) and the use of 
multiple proxies (Birks and Birks 2006) to corroborate results.      
The objective of this study was to assemble a diatom training (or calibration) set to 
quantify regional species preferences for TP which combined modern species abundance data 
with concurrent lake chemistry from lakes in the most agriculturally intensive region of 
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North America.  Because of the complex relationship between TP and diatoms in shallow 
lakes, we proposed the use of Huisman-Olff-Fresco (HOF) models to explicitly assess the 
response of diatom species to TP. Weighted averaging (WA) regression was used to develop 
a TP transfer function to reconstruct historic TP concentrations (Hall and Smol 1992; ter 
Braak et al. 1992) and biogenic silica was used as an additional independent proxy for 
eutrophication.  Finally, we propose two approaches for summarizing qualitative shifts in 
diatom community structure over a large group of lakes; (1) using paired box-plot diagrams 
and (2) 95% confidence ellipses between groups plotted on a non-metric multi-dimensional 
scaling ordination.   
 
Methods 
Study Site 
The lakes in this study are located in the Midwestern United States and highlight the 
conversion of tall-grass prairie for agricultural land use in the mid-1800’s (Van Zant et al. 
1979).  The lakes in the training set include both natural lakes and impoundments, but 
reconstructions were limited to glacial lakes, all of which were formed by the retreat of 
glaciers in the early Holocene (ca. 10,000 years ago) associated with the Wisconsin 
glaciation (Jones and Bachmann 1978).  Since European settlement, this region has been 
subject to some of the most intensive agricultural practices in the world, with greater than 
90% of native land cover converted for agriculture by 1920, greater than 80% of wetlands 
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drained by 1940, and a fivefold increase in maize yield per unit area in the last 50 years 
(Heathcote and Downing 2012).   
This study focused on 33 natural lakes in a region that is, on average, 92% under 
agricultural cultivation (Arbuckle and Downing 2001).  Summary statistics for general 
characteristics of the lakes considered in this study are presented in Table 1.   
 
Sediment Coring and Sample Preparation 
Sediment cores were collected from the 33 natural lakes in this study using a piston 
corer (Wright 1991) attached to a 7 cm diameter polycarbonate tube, 270 cm in length.  
Coring locations were selected in the flat area around the deepest basin of the lake (Wright 
1980), based on digitized bathymetric maps.  After core extraction, the uppermost soft 
sediment was extruded in 1-2 cm increments and sectioned in the field to prevent unwanted 
distortion and mixing of the flocculent layers during transport and storage (Glew et al. 2001).  
The remaining portion of the core was capped off in the polycarbonate tube and sectioned 
into slices of 1-2 cm in the laboratory.  To assist in constructing a transfer function to 
estimate historic nutrient concentrations, we also used a gravity corer to collect surficial 
samples from 56 lakes between July 23
rd
 and August 9
th
 of 2007.  The upper 2-3 cm were 
extruded and assumed to be representative of the last 1-3 years of sedimentation (Fritz 1990; 
Ramstack et al. 2003). All cores were stored at 4 °C when not in use.  A description of core 
locations and core recovery is provided in Table 2.  
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210
Pb Dating of Sediment Cores 
Fifteen to twenty samples from each long piston core were freeze-dried and the ages 
determined by analysis for excess 
210
Pb activity through alpha spectroscopy (Engstrom et al. 
1999).  A given amount of 
210
Pb is expected to be found in the sediment from the natural 
decay of 
226Ra (also called “supported 210Pb”).  210Pb in excess of this amount (also called 
“unsupported 210Pb”) is assumed to have been incorporated in the sediment from natural 
atmospheric fallout and watershed transport at a constant rate over time.  Excess 
210
Pb 
concentrations in each sample are used to determine the sediment’s age, given 210Pb’s half-
life of 22.3 years.  
210
Pb ages and sediment mass accumulation rates were calculated based on 
the constant rate of supply model (Appleby and Oldfield 1978) and confidence intervals were 
calculated based on first-order error analysis of counting uncertainty (Appleby 2001) .  Alpha 
spectroscopy and dating analysis were conducted at the St. Croix Watershed Research 
Station of the Science Museum of Minnesota under the supervision of Dr. Daniel Engstrom. 
 
Diatom Identification and Analysis 
Surficial diatom samples, hereafter referred to as “modern”, were cleaned of organic 
material through acid digestion and quadruple rinsed with de-ionized water to remove any 
oxidative by-products (Stoermer et al. 1995).  The remaining diatom frustules were settled 
onto cover slips and mounted on slides in Naphrax (Refractive Index: 1.74) (Battarbee et al. 
2001).  Additionally, diatom samples were prepared from each of the thirty-three piston cores 
at a depth corresponding to the maximum dated 
210
Pb age (pre-1900, where possible) and 
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mounted on slides as above.  This age was chosen because it pre-dated the majority of 
European settlement in the region and will hereafter be referred to as “historic”.  
Slides were viewed at 1000x magnification using a Leica DM2000 light microscope 
with differential interference contrast (DIC) microscopy. For each slide, a minimum of 300 
diatom frustules were counted along randomly selected transects (Battarbee et al. 2001).  
Diatoms were identified to species level using appropriate keys (Begres 1971; Krammer and 
Lange-Bertalot 1991-1997; Patrick and Reimer 1966, 1975).  Relative abundances of 
individual species were calculated by dividing the number of valves from each species by the 
total number of valves counted on each slide. 
 
Water Chemistry Analysis 
Water chemistry data were obtained from 56 regional lakes, including the 33 lakes 
cored for this study.  Lakes were sampled three times annually between May and September 
of 2006 and 2007.  Upper mixed zone samples (2 m) were collected from each lake and 
transported in opaque 1 liter plastic bottles.  In addition to TP We measured alkalinity, pH, 
TN, and chlorophyll a to help characterize the amount of unique variation explained by TP 
after accounting for other environmental factors which could affect diatom community 
structure.  Alkalinity (ALK) and total phosphorus (TP) were measured following standard 
methods (American Public Health Association 1998) and pH was measured using a Thermo 
Scientific Orion 950 analytical titrator.  Chlorophyll a was extracted in acetone using a probe 
sonicator  and measured using a fluorometer (Jeffrey et al. 1997).  Total nitrogen (TN) was 
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measured using the second derivative ultraviolet spectroscopy method (Crumpton et al. 
1992).   
 
Training Set Development 
We incorporated surficial diatom samples from 56 lakes with a previously published 
89 lake diatom training set from the same region, which was developed by the Science 
Museum of Minnesota’s St. Croix Watershed Research Station (Edlund and Ramstack 2006; 
Ramstack et al. 2007).  This provided a broad TP gradient, ranging from 9-506 µg/L. 
Merging existing data from a broad region where agriculture is prevalent produced a more 
robust TP gradient by incorporating more lakes with lower TP concentrations.  Of the 145 
lakes in this training set, 4% had an average TP concentration below 10 µg/l (oligotrophic) 
and 31% of lakes had TP concentrations between 10 and 30 µg/l (mesotrophic).   
To validate the training set, diatom species assemblages from the surficial (modern) 
sediment samples were compared to concurrent TP concentrations.  Because TP data were 
right skewed, a log10 transformation was used to normalize them.  Extremely rare species 
(those that had a maximum abundance < 1% and occurred in less than 2 samples) were 
excluded from the analysis to reduce bias they would create (Ramstack et al. 2003).   
 Correlations between the TP and species assemblages were evaluated using canonical 
correspondence analysis (CCA; Hall and Smol 1992) using the software R (R Development 
Core Team 2009) in the “VEGAN” community ecology package (Oksanen et al. 2008).  
Significant variables (Monte Carlo permutation test: p < 0.05 for a minimum of 199 
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permutations) were  manually backwards selected by performing partial CCAs on each 
variable (TP, TN, ALK, pH, and Chlorophyll a) and testing the unique amount of variance 
explained once the combined effect of the other variables was taken into account (Borcard et 
al. 1992).  Additionally, individual species responses along TP gradients were characterized 
by using a Huisman-Olff-Fresco (HOF) model (Huisman et al. 1993) to fit a series of 
increasingly complex responses to species abundances as a function of log10 TP 
concentrations (Oksanen and Minchin 2002).  The five hierarchical trends fit by the HOF 
model were (I) flat, (II) monotone, (III) plateau, (IV) symmetric, and (V) skewed.  Flat 
models would indicate no response, monotone would indicate a decreasing or increasing 
response, plateau would indicate an increase towards an upper limit (asymptote), symmetric 
would indicate a symmetrical unimodal response, skewed would indicate a skewed unimodal 
response.   
The best candidate model was selected based on the lowest Akaike Information 
Criterion (AIC) value (Akaike 1974).  Models were considered as having strong support if 
ΔAIC of the next best model was > 10 and models with ΔAIC < 2 were considered to be 
competitive with the “best” model (Burnham and Anderson 2004).     
Weighted Averaging (WA) regression was used to develop a diatom inferred –total 
phosphorus (DI-TP) transfer function which can be applied to the sub-fossil diatom 
assemblages to reconstruct historic TP concentrations (Hall and Smol 1992; ter Braak et al. 
1992).  The error of the transfer function was evaluated from the root mean squared error of 
prediction (RMSEP) of the predicted DI-TP concentrations for the lakes in the training set, 
with bootstrapping used for cross-validation (Efron and Gong 1983).  The variance explained 
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by the model after cross-validation is defined as R
2
boot. The transfer functions were 
developed using C2 statistical software (Juggins 2005).  
Reconstructed changes in log10 DI-TP were calculated as the difference between the 
DI-TP from the top (modern) section of sediment and the log10 DI-TP from the oldest dated 
section of the sediment (historic).  Differences in log10 DI-TP greater than the RMSEP 
indicate significant directional change in the diatom communities towards more or less 
eutrophic conditions.  
 
Changes in Diatom Community Structure 
General changes in diatom community structure across all 32 lakes were summarized 
by paired box-plots of diatom species relative abundances in historic versus modern sediment 
samples.  Relative abundances were square-root transformed to more evenly weight changes 
in species that did not typically occur at high abundances, but may still be indicative of 
trophic state changes.      Only species occurring in two or more samples and had a maximum 
relative abundance of 5% or greater were plotted.  Box plots were arranged in descending 
order by median relative abundance in the historic samples (i.e., species at the top were most 
abundant in historic samples and species at the bottom were least abundant in historic 
samples).   
Differences between historic and modern diatom communities were summarized 
through non-metric multi dimensional scaling (NMDS) using the Bray-Curtis dissimilarity 
index (McCune et al. 2002).  This method calculated how dissimilar each section is to every 
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other section based on the presence and relative abundance of all species present on a scale of 
0 to 1. For this metric, “1” indicated no common species and “0” indicated identical species 
composition.  The matrix was than approximated onto an ordination using NMDS where a 
point’s proximity to others reflected the dissimilarity matrix (points closer to each other are 
more similar in community structure). The goodness of fit of the ordination to the 
dissimilarity matrix is given by Kruskal’s stress (Kruskal 1964) where a stress of  < 20 is 
considered ecologically interpretable (McCune et al. 2002).  Significant differences between 
historic and modern sites were analyzed by plotting 95% confidence ellipses around the 
centroid for each time period using the “ordiellipse” function in the “VEGAN” package in R 
(Oksanen et al. 2008).     
 
Biogenic Silica Analysis 
Biogenic silica (BSi) fluxes were calculated as a second proxy of eutrophication on a 
subset of eight of the lakes in this study (Center Lake [CNT], East Lake Okoboji [ELO], 
Lake Minnewashta [MIN], Lower Gar Lake [LGR], Upper Gar Lake [UGR], West Lake 
Okoboji [WLO], and West Swan Lake [WSL]), selected to represent broad range of sizes and 
trophic states.  Biogenic silica is a measure of the silica produced by algae such as diatoms, 
and is positively correlated with increased primary production due to eutrophication 
(Schelske et al. 1983).  Sediment BSi concentrations were measured using a time-step 
digestion method (Conley et al. 2002; Demaster 1981) at the Centre for Studies of Carbon 
Cycle and Climate Interactions, Lund University, Sweden.  BSi fluxes were calculated by 
multiplying the percent weight of BSi in each section by the mass accumulation rate of total 
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sediment determined from 
210
Pb dating described above.  BSi plots were generated using the 
“ggplot2” package in R (Whickham, 2009).   
 
Results 
210
Pb Dating, In-filling, and Sediment Accumulation Rates 
210
Pb dating chronologies were established for 32 of 33 sediment cores.  The sediment 
core from Lizard Lake could not be dated due to an interruption in sedimentation due to lake 
drying. Lizard Lake was not considered in any of the further analyses.  For all but two of the 
lakes, the maximum 
210
Pb age for the core pre-dated 1900 and could be representative of pre-
settlement conditions (Figure 1).  
210
Pb concentrations in the sediment were extremely low in 
two of the cores (Clear Lake and Storm Lake) and accurate chronologies could only be 
established to the early 1900’s (1929 ± 38 years and 1929 ± 21 years, respectively).  All 
other maximum 
210
Pb ages fell between 1755 and 1895 (Table 3).    
 Sediment accumulation rates increased significantly (one-sided paired t-test: mean 
increase = 0.137 g cm
-2
 yr
-1
, n = 36, t = -8.35, P < 0.001) since settlement for all lakes 
included in this study (Table 3).  On average, historic sediment accumulation rates were 
0.032 ± 0.004 g cm
-2
 yr
-1
 across all lakes and ranged from 0.004 to 0.134 g cm
-2
 yr
-1
.  The 
average for modern sediment accumulation rates was 0.170 ± 0.018 g cm
-2
 yr
-1 
and ranged 
from 0.005 to 0.450 g cm
-2
 yr
-1
.  Increases in sediment accumulation rates ranged from 1 to 
17-fold across all lakes and were 7-fold, on average. Details on sediment deposition rates are 
treated in separate manuscripts (Heathcote and Downing 2012; Heathcote et al. submitted). 
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Training Set Validation and Transfer Function Performance 
The relationship between measured TP concentrations and diatom communities was 
explored through a CCA (Figure 2).  TP remained in the model after manual backwards 
selection for significant environmental variables and explained a significant portion of 
variation in diatom communities (6.2%, p = 0.005) after accounting for the variation 
explained by the remaining significant environmental variables (maximum depth, Secchi 
depth, TN, alkalinity, and pH).  This amount of variation is similar to that found in studies of 
less eutrophic lakes (Ramstack et al. 2004; Ramstack et al. 2003). 
Individual species responses along the TP gradient in the training set were 
characterized by fitting HOF models (Table 4).  For 25% of the diatom species in the training 
set, a monotone (15%) or plateau (10%) trend was selected as the best model indicating a 
unidirectional response to TP.  In 62% of the diatoms species, the best model was symmetric 
(25%) or skewed (37%) indicating a unimodal response with distinct optima.  For 13% of the 
diatom species, none of the fitted models best explained the response to TP (flat), indicating 
no apparent response to TP.  Individual species responses and the best fitted curve are shown 
in supplementary Figure S1. 
In all cases where the flat model was selected, the ΔAIC between the two best models 
was < 2.  The mean ΔAIC for the next best model in all species where the flat model was 
chosen was 1.4.  This indicated that for the species where the flat model was chosen, there 
was at least one other competitive model.  For cases where a model other than flat was 
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selected by AIC, the average difference between the best model and the next best model was 
31.2, indicating very little support for the competing models (ΔAIC > 10).  Because we could 
not rule out a single modeled response to TP in these species, they were kept in the training 
set.  
For the transfer function, DI-TP concentrations from the training set showed a strong 
correlation with observed TP concentrations (Figure 3A) and a high percentage of variance 
explained (R
2
 = 0.70).  There was a strong bias in the residuals, indicating a tendency for the 
transfer function to under-predict TP at high concentrations (log10 TP > 2.2 (~150 µg/l); 
Figure 3B).  The transfer function explained a high percentage of variance after cross-
validation (R
2
boot = 0.61; Figure 3C) and showed the same bias towards under-prediction at 
high TP in the residuals (Figure 3D).  The root mean squared error of prediction (RMSEP) 
for the model was 0.30 log10 µg/l TP (Table 5).  
 
Historic TP Reconstructions 
Quantitative changes in log10 DI-TP were reconstructed for each of the thirty-two 
natural lakes using the combined regional transfer function (Table 6).  Diatom transfer 
function results estimated a trend towards increased TP through time in 88% of the lakes 
(Figure 4).  The lakes in the upper 50th percentile of change since European settlement 
increased in TP by 17 – 76 µg/l.  The mean historic TP for the lakes in this study was 
estimated to be 93 µg/l and ranged from 26 to 147 µg/l across all lakes.  The average 
observed TP concentration for these lakes over the last decade (2001-2010) was 161 µg/l and 
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ranged from 21-506 µg/l across all lakes.  The average change between reconstructed 
historical conditions and current nutrient concentrations was 68 µg/l.   
 
Diatom Community Structure 
Qualitative estimates of changes in eutrophic conditions in these lakes were made 
based on the shifts in diatom taxa with well described ecologies.  Common trends in these 
lakes consisted of the partial or complete replacement of taxa with lower TP preferences, 
such as the planktonic diatom Aulacoseira distans by more eutrophilic (prefer high TP 
concentrations) planktonic species such as Stephanodiscus minutulus, Stephanodiscus 
hantszschii, Stephanodiscus niagarae  and Aulacoseira italica (Figure 5). Changes in diatom 
communities for the 32 lakes are presented on a per-lake basis in the supplemental materials 
(Figure S2) along with a key to all diatom species name abbreviations (Table S1).  
 Plotting of Bray-Curtis dissimilarities through an NMDS ordination showed the 
relative differences between diatom community structure in historic versus modern sections.  
The NMDS plot had a stress value of 19, indicating good agreement with the dissimilarity 
matrix.  Figure 6 shows the NMDS plot, shaded by time period, as well as the 95% 
confidence ellipse for each group.  The lack of overlap between the two centroids indicates 
significant differences in community structure between the groups.  Species scores for 
diatoms typical of eutrophication (i.e., Stephanodiscus spp., A. italica) plotted closest to the 
centroid associated with the modern sections.  A. distans, which is not typical of eutrophic 
systems, was more closely associated with the historic sections.    
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Biogenic Silica 
Biogenic silica (BSi) fluxes increased in all 8 of the subset of lakes that were 
analyzed.  The average flux of BSi increased 3.5-fold from 21 g m
-2
 yr
-1
 pre-settlement to 72 
g m
-2
 yr
-1
 in the most recent (modern) sections (Table 7).  Six of the eight lakes followed a 
similar trajectory of little to no change in BSi from 1800-1950, followed by synchronous 
increases to the present (Figure 7).  The remaining two lakes, MIN and UGR, showed 
increases in BSi following land clearance between 1850 and 1900.  BSi fluxes in MIN 
continued to increase at a rate greater than the remaining 7 lakes, whereas UGR showed a 
sharp decrease after 1950, followed by a steady rise more closely correlated with the 
remaining 6 lakes.   
 
Discussion 
 Quantitative TP reconstructions in this study were estimated based on a newly created 
regional training set, qualitative shifts in overall diatom community structure were assessed 
using two methods for summarizing community change across lakes, and biogenic silica 
(BSi) flux was estimated as an independent proxy for eutrophication.  
Diatom-inferred total phosphorus (DI-TP) increased in 88% of the lakes in this study, 
but only 13% of those increases were larger than the RMSEP for the transfer function model.   
This is likely due to a bias in our transfer function towards underestimation of modern DI-TP 
for lakes with TP concentrations > 150 µg/l.  The highest current average observed TP 
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among these lakes was 506 µg/l (Rice Lake), but the modern DI-TP for this lake was 
reconstructed as 158 µg/l.    Because half (16 of 32) the lakes sampled in this study had 
average observed TP concentrations over 150 µg/l, changes reconstructed in these systems 
should be considered conservative.   
Explanations for this systematic under-prediction of high TP concentrations may be 
due to diatoms becoming an increasingly minor portion of the total phytoplankton as TP 
increases due to an increasing disadvantage relative to N-fixing Cyanobacteria at low N:P 
(Watson et al. 1997).  Monitoring data from lakes in this region have found that the N-fixing 
Cyanobacteria Aphanizomenon flos-aquae often blooms for much of the ice-free season and 
diatoms often account for a very small percentage of the phytoplankton community (Filstrup 
et al, in prep).  Previous paleolimnological studies have also reported the replacement of 
some diatoms by A. flos-aquae (Eilers et al. 2004), indicating that the interpretation of the 
relationship between TP and diatom community structure in the most hypereutrophic lakes 
could be limited by their decreasing abundance in relation to other algae were not accounted 
for here. 
 The average reconstructed historic DI-TP (untransformed) was 93 µg/l for these 
lakes, which was less than the current measured average of 161 µg/l, but indicative of far 
greater P contributions from the watershed than would be expected under native vegetation 
(Hobbie and Likens 1973).  No monitoring data were available prior to 1960, by which time 
these lakes had already received significant agricultural and municipal P inputs (Bachmann 
and Jones 1974; Jones and Bachmann 1978), so the magnitude of potential bias is unclear.  
Previous studies have attributed the prediction of suspiciously high historic TP 
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concentrations to interference from benthic diatoms of the genera Staurosira and 
Pseudostaurosira (Bennion et al. 2001; Sayer 2001), which were highly abundant (>50% 
relative abundance) in both historic and modern samples (Figure 5).  These species have 
broad TP tolerances and are unlikely to be impacted directly by changing TP concentrations, 
and are more susceptible to light limitation or substrate availability.  Unfortunately, removal 
of these species does not improve TP reconstructions (Bennion et al. 2001), primarily 
because they were often the most abundant diatoms present (up to 75% in this study).  In 
these cases, however, changes in diatom community structure would still be indirectly related 
to TP through its correlation with habitat availability (macrophytes) and light penetration, 
introducing additional uncertainty into the predictions.  
 Despite these complexities, 87% of diatoms in the training set responded to TP 
concentrations, though these responses were quite variable (Table 4).  62% of the diatom 
species in the training set showed symmetric or skewed unimodal distributions over the TP 
gradient, indicating the majority of the species tolerance range was likely sampled.  Another 
25% of the species showed a plateau or monotone response, which indicated that only a 
portion of their tolerance range was sampled.  The remaining 13% of diatom species may not 
be responding to TP along the gradient in our training set, though the differences between the 
best two models in these cases were not large enough to determine a clear best fit. 
From a qualitative perspective, the comparison of diatom species found in surficial 
versus pre-settlement sediments leads to a much simpler interpretation.  Figure 5 
characterizes the shifts across all 32 lakes towards the planktonic Stephanodiscus species (S. 
niagarae, S. hantzschii, S. minutulus) and A. italica which are symptomatic of eutrophication 
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(Bennion et al. 1996; Bradbury 1975; Ramstack et al. 2004).   Additionally, these increases 
were accompanied by decreases in species associated with mesotrophic conditions such as 
Aulacoseira distans (Whitmore 1989).  Other large benthic species which would be 
susceptible to light limitation due to planktonic shading also became less abundant in the 
modern sediment sections (i.e., Cavinula scuteloides and Gyrosigma attenuatum).   
The complexities of these data were distilled into 95% confidence ellipses on the 
NMDS ordination (Figure 6) to clearly show the separation between modern and historic 
sediment samples.  Though there was some overlap between groups, the centroid around 
each time period was significantly distinct.  The tight cluster of the Stephanodiscus species 
around the modern sections is consistent with these species being found frequently in more 
eutrophic conditions as seen in these lakes today.  Their distance from the historic diatom 
samples implies less favorable, and presumably lower nutrient concentrations in these lakes 
in the past  
 
Biogenic Silica as an Independent Proxy of Eutrophication 
We measured biogenic silica (BSi) fluxes in a subset of eight lakes over the last ~200 
years to serve as a second independent proxy for eutrophication in these systems.  Because 
monitoring data are non-existent for the period when Europeans arrived and began heavily 
modifying the landscape, it is helpful to have multiple corroborating lines of evidence when 
reconstructing those periods.   
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 Six of the eight lakes in this study (Center, East Lake Okoboji, Lower Gar Lake, 
Virgin Lake, West Lake Okoboji, and West Swan Lake) showed very similar patterns both in 
direction and magnitude of BSi fluxes for the last two centuries (Figure 7).  These lakes 
displayed relatively low and constant BSi prior to 1900 (< 50 g m
-2
 yr
-1
) and showed little 
change until 1950, despite the fact that >80% of the land in the region had been converted to 
agriculture prior to 1900 (Heathcote and Downing 2012).  Instead of correlating with the 
time of land clearance, the largest increases in primary productivity occurred following the 
1950’s, tracking regional trends in the Midwestern United States of switching to more 
intensive forms of agriculture (Auclair 1976; Mutel 2008).   The remaining two lakes also 
showed large increases in BSi, but the initial increase began earlier (~1900) and was more 
dramatic. 
 All nine lakes showed increasing fluxes of BSi to the sediment indicating that 
increased primary production due to eutrophication has been a chronic problem in these 
systems for at least the last 60 years and in some cases has been ongoing for over a century. 
The 4 fold average increase seen in these lakes is on par with increased fluxes due to 
eutrophication seen in other systems such as Chesapeake Bay and the Great Lakes (Colman 
and Bratton 2003; Schelske et al. 2006).  These results support the qualitative trend towards 
eutrophication interpreted from the changing diatom communities in these lakes.  
Additionally, the tight correlations in the BSi fluxes among lakes lends strong support that 
these same trends were being seen in the other lakes across this region.    
 .  
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Conclusions 
In this study, we used diatoms as quantitative and qualitative indicators of 
eutrophication.  The complexity of reconstructing TP in shallow, eutrophic, systems is 
already well documented (Bennion et al. 2001; Fritz et al. 1993), and we experienced some 
similar difficulties with our regional training set and transfer function.  Though we were able 
to reconstruct trends supporting increased DI-TP concentrations, underestimation became 
important in the most eutrophic systems because the diatom community ceased to respond 
predictably at concentrations >150 ug/L.  To assist in interpretation, we combined transfer 
functions with examination of qualitative shifts towards diatom communities dominated by 
species found most frequently in eutrophic conditions.  We presented two methods for 
summarizing species turnover between modern and historic sediment samples across a large 
suite of lakes which showed significant differences in composition and abundance of taxa 
sensitive to nutrient enrichment.  Finally, when the above results are coupled with the higher 
resolution BSi data, we were able to view independent corroboration of trends, showing 
substantial nutrient enrichment as well as a clear trajectory of change coincident with 
agricultural intensification.   
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Tables 
Table 1. Summary of lake characteristics for 56 Iowa lakes and impoundments included in 
this study.  
Lake Characteristic Mean Median 
Standard 
Deviation 
Range 
Max Depth (m) 4.96 3.57 5.43 0.98 38.73 
Secchi Depth (m) 0.99 0.62 1.09 0.11 5.18 
Total Phosphorus (µg/l) 143 100 118 9 506 
Total Nitrogen (mg/l) 2.46 1.86 1.93 0.33 10.19 
pH 8.6 8.5 0.3 8.2 9.6 
Alkalinity (mg/l) 155 157 36 47 212 
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Table 2. Date of extraction and sampling location for long cores collected in this study.  
Water depth was measured at the time of collection and core length was measured in the 
field. 
 
Lake Date 
Collected 
N UTM 
Zone 15 
E UTM Zone 
15 
Water Depth 
(m) 
Core Length 
(cm) 
Black Hawk Lake 8/5/2009 4685309 334050 1.73 46 
Burt Lake 2/21/2010 4817635 388256 0.9 51 
Center Lake 6/22/2008 4808658 326988 4.67 156 
Clear Lake 7/13/2010 4774952 467148 4.6 104 
Crystal Lake 7/3/2009 4786732 434818 1.22 77 
Diamond Lake (Dickinson Co.) 7/14/2010 4816622 322749 1.5 61 
East Lake Okoboji 6/23/2008 4805389 328946 6.53 192 
Five Island Lake 5/20/2010 4779873 366244 1.42 59 
High Lake 5/19/2010 4795593 361639 2.2 95 
Ingham Lake 5/19/2010 4797335 362179 2.65 89 
Iowa Lake (Emmett County) 8/12/2009 4817559 381898 2.61 104 
Lake Cornelia 8/7/2009 4737459 443679 2.6 42 
Lake Minnewashta 9/22/2007 4802982 327895 4.87 184 
Little Spirit Lake 6/23/2008 4819957 328113 2.84 65 
Little Wall Lake 6/22/2009 4679752 447003 1.62 56 
Lizard Lake 9/23/2007 4725847 377549 1.25 44 
Lost Island Lake 9/11/2009 4781524 345236 3.8 86 
Lower Gar 9/22/2007 4802028 328183 1.62 83 
Morse lake 8/7/2009 4743063 443514 2.02 54 
North Twin Lake 6/26/2009 4705866 366698 2.95 109 
Pickerel Lake 7/14/2010 4752202 343144 1.48 88 
Rice Lake 7/1/2009 4804677 458470 1.55 89 
Silver Lake (Dickinson Co.) 6/22/2008 4812521 311146 2.63 121 
Silver Lake (Palo Alto Co.) 5/20/2010 4766215 346045 2 53 
Silver Lake (Worth County) 7/1/2009 4814316 466061 1.7 185 
Storm Lake 9/11/2009 4721800 319598 2.4 34 
Trubmull Lake 9/11/2009 4784188 341696 0.9 47 
Tuttle Lake 8/12/2009 4817098 370566 1.32 105 
Upper Gar 9/22/2007 4803986 328211 2.11 73 
Virgin Lake 2/21/2010 4774045 346028 1.69 84 
West Lake Okoboji 6/21/2008 4802764 324204 9.62 206 
West Swan Lake 5/19/2010 4801454 363840 1.75 51 
West Twin Lake 8/7/2009 4753855 440335 1.7 84 
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Table 3. 
210
Pb results and sedimentation rates for the 33 lakes from this study.   
 
Lake Name 
Max 
210
Pb 
Date 
(± Years) 
Sed. Depth at 
Max Age 
(cm) 
Average In-
filling (cm 
yr
-1
) 
Historic Sed. 
Rate 
(g cm
-2
 yr
-1
) 
Modern Sed. 
Rate 
(g cm
-2 
yr
-1
) 
Black Hawk Lake 1895 ± 20 23 0.20 0.065 ± 0.036 0.12 ± 0.006 
Burt Lake  1829 ± 37 46 0.25 0.033 ± 0.033 0.338 ± 0.02 
Center Lake 1835 ± 31 60 0.35 0.055 ± 0.052 0.13 ± 0.006 
Clear Lake 1929 ± 38 5 0.07 0.005 ± 0.004 0.005 ± 0.001 
Crystal Lake 1857 ± 22 67 0.44 0.053 ± 0.035 0.256 ± 0.014 
Diamond (Dickinson Co.) 1831 ± 34 37 0.21 0.019 ± 0.016 0.201 ± 0.012 
East Lake Okoboji 1799 ± 28 72 0.34 0.035 ± 0.028 0.142 ± 0.007 
Five Island Lake 1863 ± 36 36 0.25 0.052 ± 0.053 0.23 ± 0.014 
High Lake 1889 ± 67 53 0.44 0.04 ± 0.076 0.186 ± 0.016 
Ingham Lake 1813 ± 39 47 0.24 0.01 ± 0.009 0.098 ± 0.005 
Iowa Lake (Emmet Co.) 1866 ± 35 63 0.44 0.046 ± 0.048 0.218 ± 0.011 
Lake Cornelia 1755 ± 96 22 0.09 0.006 ± 0.009 0.101 ± 0.004 
Lake Minnewashta 1825 ± 21 96 0.53 0.044 ± 0.025 0.26 ± 0.011 
Little Spirit Lake 1820 ± 45 37 0.20 0.027 ± 0.03 0.193 ± 0.008 
Little Wall Lake 1792 ± 44 34 0.16 0.013 ± 0.016 0.063 ± 0.004 
Lost Island Lake 1814 ± 33 29 0.15 0.006 ± 0.005 0.088 ± 0.004 
Lower Gar Lake 1829 ± 23 28 0.16 0.024 ± 0.015 0.184 ± 0.007 
Morse Lake 1794 ± 62 35 0.16 0.012 ± 0.016 0.173 ± 0.01 
North Twin Lake 1846 ± 39 48 0.30 0.032 ± 0.035 0.116 ± 0.007 
Pickerel Lake 1843 ± 41 41 0.25 0.028 ± 0.032 0.16 ± 0.009 
Rice Lake 1873 ± 9 26 0.19 0.012 ± 0.002 0.037 ± 0.002 
Silver Lake (Dickinson Co.) 1823 ± 42 22 0.12 0.013 ± 0.012 0.106 ± 0.004 
Silver Lake (Palo Alto Co.) 1828 ± 29 33 0.18 0.021 ± 0.016 0.207 ± 0.013 
Silver Lake (Worth Co.) 1863 ± 32 10 0.08 0.004 ± 0.002 0.005 ± 0.001 
Storm Lake 1929 ± 21 13 0.16 0.038 ± 0.02 0.161 ± 0.014 
Trumbull Lake 1894 ± 41 30 0.26 0.134 ± 0.169 0.152 ± 0.011 
Tuttle Lake 1822 ± 56 30 0.16 0.016 ± 0.021 0.18 ± 0.01 
Upper Gar Lake 1869 ± 29 27 0.20 0.037 ± 0.03 0.071 ± 0.003 
Virgin Lake 1838 ± 21 38 0.22 0.017 ± 0.009 0.135 ± 0.007 
West Lake Okoboji 1813 ± 30 46 0.24 0.029 ± 0.024 0.099 ± 0.003 
West Swan Lake 1829 ± 22 23 0.13 0.013 ± 0.006 0.095 ± 0.005 
West Twin Lake 1863 ± 37 61 0.42 0.059 ± 0.066 0.205 ± 0.012 
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Table 4. The proportion of diatom species whose response to TP was best characterized by 
each of the hierarchical models within the Huisman-Olff-Fresco (HOF) model.  
Model 
 
No. of Species Proportion of Total 
Flat I 24 0.13 
Monotone II 27 0.15 
Plateau III 18 0.10 
Symmetric IV 45 0.25 
Skewed  V 67 0.37 
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Table 5. Performance statistics for the combined Minnesota and Iowa training set which 
included 145 total lakes.  R
2 
is the variance explained between the DI-TP and the observed 
TP in the model and R
2
boot is the same relationship after cross-validation via bootstrapping.  
The R
2
 boot takes into account the underestimation in error when predicting from the same 
data used to generate the model and is a more conservative estimate of error.  The root mean 
squared error of prediction (RMSEP) is the error for the model in log10 µg/l.     
 
Model n 
No. of 
Species 
R
2
 R
2
boot RMSEP 
Full Training Set 145 181 0.70 0.61 0.30 
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Table 6. Results from diatom inferred total phosphorus (DI-TP) reconstructions.  Log10 DI-
TP Top is the diatom-inferred TP for the surface section of sediment, log10 DI-TP Bottom is 
the diatom-inferred TP for the oldest dated section of sediment (date varies by lake, see Table 
3), and the log10 Change in DI-TP is the change in DI-TP between the two sections (Top-
Bottom).  All DI-TP values are ± the RMSEP (0.30 log10 µg/l).   
Lake Name 
Log10 DI-TP 
Bottom (µg/l)  
Log10 DI-TP 
Top (µg/l)  
Log10 Change in DI-
TP (µg/l)  
Big Spirit Lake 1.95 1.94 -0.01 
Black Hawk Lake 2.08 2.09 0.01 
Burt Lake  1.89 2.14 0.25 
Center Lake 1.99 2.06 0.07 
Clear Lake 1.83 2.00 0.18 
Crystal Lake 1.92 1.95 0.03 
Diamond Lake (Dickinson Co.) 2.12 2.16 0.04 
East Lake Okoboji 2.00 2.04 0.04 
Five Island Lake 1.99 2.09 0.10 
High Lake 2.14 2.24 0.10 
Ingham Lake 2.05 2.10 0.05 
Iowa Lake (Emmet Co.) 2.13 2.18 0.06 
Lake Cornelia 1.78 1.91 0.13 
Lake Minnewashta 2.02 2.01 -0.01 
Little Spirit Lake 2.17 2.05 -0.11 
Little Wall Lake 1.42 2.01 0.59 
Lost Island Lake 2.17 2.15 -0.02 
Lower Gar Lake 1.97 2.05 0.08 
Morse Lake 2.06 2.07 0.01 
North Twin Lake 1.98 2.01 0.02 
Pickerel Lake 2.02 2.05 0.03 
Rice Lake 1.85 2.19 0.34 
Silver Lake (Dickinson Co.) 1.94 2.05 0.11 
Silver Lake (Palo Alto Co.) 1.95 2.06 0.11 
Silver Lake (Worth Co.) 1.71 2.08 0.37 
Storm Lake 2.12 2.25 0.12 
Trumbull Lake 1.98 2.17 0.19 
Tuttle Lake 2.13 2.13 0.01 
Upper Gar Lake 1.91 2.05 0.13 
Virgin Lake 2.10 2.20 0.10 
West Lake Okoboji 1.57 1.94 0.38 
West Swan Lake 2.13 2.15 0.01 
West Twin Lake 1.89 2.16 0.27 
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Table 7.  Biogenic silica (BSi) fluxes for the most recent (modern) and oldest dated section 
(historic) for each lake.  The mean and standard deviation (in parentheses) for each time 
period, across all 8 lakes, is also included.    
Lake 
  
Historic BSi (g 
m
-2
 yr
-1
) 
Modern BSi (g 
m
-2 
yr
-1
) 
Center Lake CNT 36 64 
East Lake Okoboji ELO 14 94 
Lake Minnewashta MIN 50 173 
Lower Gar Lake LGR 10 63 
Upper Gar Lake UGR 35 52 
West Lake Okoboji WLO 9 33 
Virgin Lake VIR 6 60 
West Swan Lake WSL 6 40 
Mean (St Dev) 
 
21 (17) 72 (45) 
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Figure Captions 
Figure 1. Maximum 
210
Pb age for the 33 cores collected in this study.  Error bars represent ± 
1 standard deviation.  Dashed grey line represents 1850. 
 
Figure 2.  Canonical Correspondence Analysis (CCA) of diatom community data versus 
environmental characteristics.  Lakes are represented by black dots and diatom species are 
grey crosses.  The gradient in Log10 TP is overlaid as contour lines.  TP explained a 
significant portion of the variation (6.2%) in diatom species (P = 0.005, n = 145). 
 
Figure 3.  (A) Diatom Inferred log10 TP (DI-TP) vs Observed log10 TP for the training set 
lakes.  Dashed line represents a 1:1 line. (B) Residual plot of prediction error in observed 
log10 TP. (C) log10 DI-TP vs Observed log10 TP after cross-validation. Dashed line represents 
a 1:1 line. (D) Residual plot of prediction error in observed log10 TP after cross-validation. 
Figure 4. Diatom inferred change in log10 TP for 33 lakes in this study.  Vertical lines denote 
± RMSEP (0.30 log10 µg/l).  Changes in log10 TP less than the RMSEP should be interpreted 
with caution and considered as qualitative trends.    
Figure 5. Box-plots of square-root transformed relative abundances of diatom species in 
historic (H; grey) and modern (M; white) sediment samples for the 32 lakes in this study.  
Species shown had a relative abundance ≥ 5% and occurred in at least two sections.   
Figure 6. Non-metric multi-dimensional scaling ordination of Bray-Curtis distances between 
modern (M; white) and historic (H; grey) diatom samples. Confidence ellipses represent the 
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95% confidence interval around the centroid for each group.  Diatom species mentioned in 
the text are also plotted to illustrate their association with each group.   
Figure 7. Biogenic silica (BSi) flux (g m
-2
 yr
-1
) over time in a subset of eight lakes from this 
study.   
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Supplemental Information 
Table S1. Key for diatom species codes 
Code Diatom Species 
ACHMINUT Achanthidium minutissima 
ACHDEFLE Achnanthidium deflexum 
ACHEXIHE Achnanthidium exiguum var. heterovalvum 
ACHHAUCK Achnanthidium hauckianum 
AMPOVALI Amphora ovalis 
AMPOVAAF Amphora ovalis var. affinis 
AMPOVAPE Amphora ovalis var. pediculus 
AMPPERPU Amphora perpusila 
AMPVENET Amphora veneta 
ANOSPHAE Anomoeoneis sphaerophora 
ASTFORMO Asterionella formosa 
AULALPIG Aulacoseira alpigena 
AULAMBIG Aulacoseira ambigua 
Aulac_cra Aulacoseira crassipunctata 
AULDISTA Aulacoseira distans 
AULGRANU Aulacoseira granulata 
AULGRAAN Aulacoseira granulata var. angutissima 
AULITALI Aulacoseira italica 
CALBACIU Caloneis bacillum 
CALLEWIS Caloneis lewisii 
CAVSCUTE Cavinula scuteloides 
COCDISCU Cocconeis disculus 
COCPEDIC Cocconeis pediculus 
COCPLACE Cocconeis placentula 
COCPLAEU Cocconeis placentula var. euglypha 
COCPLALI Cocconeis placentula var. lineata 
Cocco_rug Cocconeis rugosa 
CRACUSPI Craticula cuspidata 
CRACUSMA Craticula cuspidata var. major 
Crati_hal_ten Craticula halophila var. tenuirostris 
CSPDUBIU Cyclostephanos dubias 
CSPINVIS Cyclostephanos invisitatus 
CYCBODAN Cyclotella bodanica 
CYCBODLE Cyclotella bodanica var. lemanica 
CYCMENEG Cyclotella meneghiniana 
CYCOCELL Cyclotella ocellata 
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Table S1. (continued) 
 Code Diatom Species 
CYCPSEUD Cyclotella pseudostelligera 
CYCSTELL Cyclotella stelligera 
CYTELLIP Cymatopleura elliptica 
CYTSOLEA Cymatopleura solea 
CYMCISTU Cymbella cistula 
CYMCUSPI Cymbella cuspidata 
CYMCYMBI Cymbella cymbiformis 
CYMINAEQ Cymbella inaequalis 
CYMMEXIC Cymbella mexicana 
CYMPROXI Cymbella proxima 
ENCMINUT Encyonema minutum 
ENCMUELL Encyonema muelleri 
ENCSILES Encyonema silesiacum 
ENCTRIAL Encyonema triangulum 
ENPMICRO Encyonopsis microcephala 
ENTORNAT Entomoneis ornata 
EPIADNAT Epithemia adnata 
EPIADNMI Epithemia adnata var. minor 
EPIADNPR Epithemia adnata var. proboscidea 
EPISORE Epithemia sorex 
EPITURGI Epithemia turgida 
EUNCURVA Eunotia curvata 
EUNPRAER Eunotia praerupta 
FALPYGMA Fallacia pygmaea 
BELBEROL Fragilaria berilonensis 
FRACAPGR Fragilaria capucina var. gracilis 
FRACAPME Fragilaria capucina var. mesolepta 
FRACROTO Fragilaria crotonensis 
FRACROOR Fragilaria crotonensis var. oregona 
FRATENER Fragilaria tenera 
FRAVAUCH Fragilaria vaucheriae 
FRFVIRES Fragilariforma virescens 
GOMAFFIN Gomphonema affine 
GOMAFFIS Gomphonema affine var. insigne 
GOMANGUS Gomphonema angustatum 
GOMANGCI Gomphonema angustatum var. citera 
GOMDICHO Gomphonema dichotomum 
GOMGRACI Gomphonema gracile 
GOMINTRI Gomphonema intricatum 
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Table S1. (continued) 
 Code Diatom Species 
GOMPARVU Gomphonema parvulum 
GOMSUBCL Gomphonema subclavatum 
Gomph_sub_com Gomphonema subclavatum var. commutatum 
Gomph_sub_mex Gomphonema subclavatum var. mexicanum 
GOMTENEL Gomphonema tenellum 
GOMTRUNC Gomphonema truncatum 
GOMTURRI Gomphonema turris 
GYRATTEN Gyrosigma attenuatum 
GYRASPENC Gyrosigma spencerii 
HANAMPHI Hantzschia amphioxys 
HANAMPVI Hantzschia amphioxys var. vivax 
HIPCAPIT Hippodonta capitata 
HIPHUNGA Hippodonta hungarica 
LUTMUTIC Luticola mutica 
MARMARTY Martyana martyi 
MELVARIA Melosira varians 
NAVANGSU Navicula anglica var. subsalsa 
NAVAUROR Navicula aurora 
NAVCARI Navicula cari 
NAVCRYCP Navicula crypotcephala 
NAVCRYVE Navicula cryptocephala var. veneta 
Navic_dec Navicula decussis 
Navic_eid Navicula eidrigiana 
NAVGOTTL Navicula gottlandica 
NAVGRACO Navicula graciloides 
NAVHEUFL Navicula heufleri 
NAVHEULE Navicula heufleri var. leptocephala 
NAVLANCE Navicula lanceolata 
NAVMENIL Navicula menisculus 
NAVMENUP Navicula menisculus var. upsaliensis 
NAVMINUS Navicula minuscula 
NAVNOTHA Navicula notha 
NAVOBLON Navicula oblonga 
Navic_pyg Navicula pygmaea 
NAVRADIO Navicula radiosa 
NAVRECEN Navicula recens 
NAVREINH Navicula reinhardtii 
NAVRHYNC Navicula rhynocephala 
Navic_sp4 Navicula sp. 4 
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Table S1. (continued) 
 Code Diatom Species 
NAVTRIPU Navicula tripunctata 
NAVTRISC Navicula tripunctata var schizonemoides 
NAVVIRD Navicula viridis 
NEIAFFIN Neidium affine 
NEIAMPLI Neidium ampliatum 
NEIIRIDI Neidium iridis 
NITAMPHI Nitzschia amphibia 
NITANGUS Nitzschia angustata 
NITFONTI Nitzschia fonticola 
NITHUNGA Nitzschia hungarica 
NITLEVSA Nitzschia levidensis var. salinarum 
NITLINEA Nitzschia linearis 
NITLINTE Nitzschia linearis var. tenuis 
NITPALEA Nitzschia palea 
NITRECTA Nitzschia recta 
NITSIGMO Nitzschia sigmoidea 
NITSINTA Nitzschia sinuata var. tabellaria 
NITSUBAC Nitzschia subacicularis 
NITSUBRS Nitzschia subrostroides 
NITVERMI Nitzschia vermicularis 
PINMICBR Pinnularia microstauron var. brebisonii 
PINSUBPA Pinnularia subcapitata var. paucistriata 
PINVIRID Pinnularia viridis 
PLAGASTM Placoneis gastrum 
PLQPSEUD Placoneis pseudanglica 
Plano_con Planothidium conspicuum 
PLADUBIU Planothidium dubium 
PLALANCE Planothidium lanceolatum 
PRABREVI Pseudostaurosira brevistriata 
PRABREBI Pseudostaurosira brevistriata var. bicapitata 
PRABREIN Pseudostaurosira brevistriata var. inflata 
RHOABBRE Rhoicosphenia abbreviata 
RHPGIBBA Rhopalodia gibba 
RHPGIBVE Rhopalodia gibba var. ventricosa 
SELPUPUL Sellaphora pupula 
SELPUPEL Sellaphora pupula var. elliptica 
SELRECTA Sellaphora rectangularis 
STAANCGR Stauroneis anceps var. gracilis 
STAPHOEN Stauroneis phoenicenteron 
62 
 
Table S1. (continued) 
 Code Diatom Species 
SRACONST Staurosira construens 
SRACONBI Staurosira construens var. binodis 
SRACONVE Staurosira construens var. venter 
SLLLEPDU Staurosirella leptostauron var. dubia 
SLLPINNA Staurosirella pinnata 
SLLPININ Staurosirella pinnata var. intercedens 
SLLPINLA Staurosirella pinnata var. lancettula 
SUSHANTZ Stephanodiscus hantzschii 
SUSMEDIU Stephanodiscus medius 
SUSMINUS Stephanodiscus minutulus 
SUSNIAGA Stephanodiscus niagarae 
SURANGUS Surirella angusta 
SURIBIFRO Surirella bifrons 
SURBREBI Surirella brebissonii 
SURMINUT Surirella minuta 
SUROVALI Surirella ovalis 
SYNACUS Synedra acus 
SYNAMPAU Synedra amphicephala var austraica 
SYNCAPIT Synedra capitata 
SYNCYCLO Synedra cyclopum 
SYNDELIC Synedra delicatissima 
Syned_gal Synedra gaillonii 
SYNRUMPE Synedra rumpens 
SYNRUMFA Synedra rumpens var. familiaris 
SYNRUMPFR Synedra rumpens var. fragilarioides 
SYNULNA Synedra ulna 
SYNULNCH Synedra ulna var. chaseana 
SYLPARAS Synedrella parasitica 
TABQUADR Tabellaria quadriseptata 
TALFASCI Tabularia fasciculata 
TALFASTR Tabularia fasciculata var. truncata 
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Figure S1. Diatom species relative abundance (square-root transformed) versus log10 µg/l 
TP.  Responses are fitted to the “best” hierarchical model within the Huisman-Olff-Fresco 
(HOF) model. The response lines are as follows, I (blue line) = flat, II (pink line) = 
monotone, III (green line) = plateau, IV (red line) = symmetric, and V (orange line) = 
skewed.   
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Figure S1. (continued) 
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Figure S1. (continued) 
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Figure S1. (continued) 
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Figure S1. (continued) 
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Figure S1. (continued) 
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Figure S2. Change in the relative abundance of diatom species between surface (modern) 
and historic (pre-European settlement) sections.  Results shown represent the 15 most 
abundant species for each lake.  
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Figure S2. (continued) 
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Figure S2. (continued) 
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Abstract 
The influence of inland water bodies on the global carbon cycle and the great 
potential for long term carbon burial in them is an important component of global limnology. 
We used paleolimnological methods to estimate changes in carbon burial rates through time 
in a suite of natural lakes in the US state of Iowa whose watersheds have been heavily 
modified over the last 150 years.  Our results show increasing carbon burial for all lakes in 
our study as agriculture intensified.  Our estimates of carbon burial rates, prior to land 
clearance, are similar to published worldwide averages for nutrient-poor lakes. In nearly all 
cases, burial rates increased to very high levels (up to 200 g C m
-2
 y
-1
) following agricultural 
development. These results support the idea that increased autochthonous and allochthonous 
carbon flux, related to anthropogenic change, lead to higher rates of carbon burial. Further, 
these results imply that the fraction of global carbon buried by lakes will be increasingly 
important in the future if worldwide trends in anthropogenic eutrophication continue.  
Keywords: carbon burial; eutrophication; paleolimnology; sediment; agriculture; global 
change; organic matter. 
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Introduction 
Inland waters are increasingly being recognized as major components of the global 
carbon cycle and new studies have shown that lakes are extremely active sites for transport, 
transformation, and storage of considerable amounts of carbon (Dean and Gorham, 1998; 
Cole and others, 2007; Battin and others, 2008; Downing and others, 2008).  Elevated 
activity in these systems results in lakes affecting the global carbon cycle disproportionally to 
their spatial extent and recent data estimate that annual organic carbon (OC) burial in inland 
water sediments may exceed OC sequestration in the ocean by threefold (Tranvik and others, 
2009).  Most of these studies have followed published carbon budgets from nutrient poor 
(oligotrophic) lakes (Del Giorgio and others, 1997; Del Giorgio and others, 1999; Duarte and 
Prairie, 2005) which often act as CO2 sources.  Evidence from the few nutrient rich 
(eutrophic) systems that have been considered in past studies suggest that eutrophication may 
alter the flow of carbon in lakes (Lazzarino and others, 2009; Balmer and Downing, 2011). 
Differences in carbon cycling between nutrient rich and poor lakes may be explained 
because free CO2 uptake by phytoplankton is rapid in eutrophic lakes and upsets the 
carbonate alkalinity equilibrium reactions (due to the slow dissociation of carbonic acid) 
keeping free CO2 levels depleted with respect to atmospheric equilibrium (Stumm and 
Morgan, 1996).  Instead of diffusing to the atmosphere, dissolved CO2 may be quickly 
converted to particulate OC via phytoplankton which may eventually be buried in the 
sediments.  This suggests that eutrophic systems act as CO2 sponges, fixing substantially 
greater amounts of autochthonous carbon directly from the atmosphere. 
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Eutrophic systems are often found within heavily modified watersheds (primarily for 
agriculture) (Arbuckle and Downing, 2001) where they receive increased erosional loads 
(Bennett and others, 2001).   In forested areas, temporal trends of sediment accumulation in 
lakes impacted by human settlement show consistent patterns of increasing sediment delivery 
directly after land clearance followed by a decrease and stabilization at a level still elevated 
above pre-clearance rates (Dearing and Jones, 2003).  This pattern is often attributed to 
catchment deforestation (i.e., Davis, 1976), and less is understood about temporal trends 
related to other land cover types such as grasslands which may differ both in response to land 
clearance and initial OC concentrations within the soil (Jobbágy and Jackson, 2000).  
Further, once land clearance takes place, there is little information available on how 
agricultural development directly influences the trajectory of sedimentation rates, 
allocthonous OC delivery, and the ability of eutrophic lakes to act as OC sinks.   
Recent studies on OC burial in inland waters (e.g., Downing and others, 2008) have 
focused primarily on quantifying the total amount of OC buried in modern time periods.  
These studies have given important insight into the significant role of inland water bodies on 
global OC burial, but provide very little illumination of temporal change and the processes 
that control OC burial rates.  We hypothesize that these processes are strongly correlated 
with landscape and land use change (i.e., removal of native vegetation and agricultural 
intensification) as well as elements of global change (i.e., increasing primary production in 
inland waters driven by eutrophication) and propose to look at OC burial in these systems in 
concert with those anthropogenic effects.  This will allow better predictions of the amount of 
OC being buried in these systems at present and predict how OC burial rates in world lakes 
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may change in the future.  This study is novel in that we present complete records of OC 
burial in eutrophic systems whose catchment’s have rapidly gone from pristine grasslands to 
completely homogenized agricultural environments and we pair those records with high 
resolution landscape and land use data postulated to be correlated with underlying 
mechanisms of change in these systems.   
The aim of this study is to examine OC burial rates over time in systems that have 
undergone dramatic increases in watershed agriculture followed by rapid anthropogenic 
eutrophication.  We quantify this change by applying paleolimnological methods to estimate 
the time-course of OC burial in natural lakes and relating it to variables correlated with 
agricultural intensification such as crop production, land development, and altered 
hydrology.  Further, we examine the specific trajectories of the two primary OC sources, 
from (1) autochthonous fixation through temporal trends in biogenic silica (BSi) flux, which 
is correlated with primary production by siliceous algae (Schelske and others, 1983; 
Ragueneau and others, 1996); and from (2) allochthonous inputs through magnetic-
susceptibility logging of sediment sections over time, related to the concentration of 
minerogenic sediments of terrestrial origin (Thompson and others, 1975; Dearing and 
Flower, 1982).    
Materials and Methods 
Study Area 
We selected seven glacial lakes (Table 1) located in the state of Iowa in the 
Midwestern region of the United States.  This region has been subject to some of the most 
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intensive agricultural practices in the world, with greater than 90% of  the total land area in 
the state of Iowa converted to some form of agriculture over the last 150 years (Arbuckle and 
Downing, 2001).  Center Lake (CNT), West Lake Okoboji (WOK), East Lake Okoboji 
(EOK), Upper Gar Lake (UGR), Lake Minnewashta (MIN), and Lower Gar Lake (LGR) 
form a portion of a chain of lakes known as the Okoboji Chain.  All six lakes share a 
common watershed, and all but CNT are connected by channels forming a continuous chain 
(Bachmann and Jones, 1974).  To ensure that patterns of OC burial in the chain were not 
being driven by localized watershed effects, we also included Silver Lake (SLV), which is 
hydrologically isolated from the Okoboji Chain.  Spatial relationships between lakes along 
with major tributaries and watershed boundaries are shown in Figure 1.   Lakes span a range 
of sizes and morphometries and range in trophic status from mesotrophic to hypereutrophic 
(Table 1).   
Sampling 
Sediment cores were collected from all seven lakes in September of 2007 or June of 
2008.  Coring locations were chosen a priori from bathymetric maps (Downing, unpublished; 
see http://limnology.eeob.iastate.edu/).  One sediment core was collected from a 
representative location in each lake using a standard piston corer (Cushing and Wright Jr, 
1965).  Representative basins were defined as deep (relative to the lake), flat regions.  
Abnormally deep areas, or “holes”, were avoided to minimize inflation of sediment 
accumulation due to focusing  (Lehman, 1975).  Despite this precaution, multi-core studies 
have shown significant differences in sedimentation across space in lakes (Engstrom and 
Swain, 1986).  However, more recent work has shown that single cores taken in this manner 
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are reliable for interpreting significant change (i.e., an order of magnitude) between lakes or 
over time (Rippey and others, 2008).  To quantify the potential for sediment focusing we 
calculated the focusing-factor for each coring site.  The focusing-factor is a measure of the 
210
Pb inventory in our cores relative to values expected from average atmospheric deposition 
in the region (15.5 pCi m
-2
 for central North America) (Wong and others, 1995).   A 
focusing-factor equal to 1 indicates no discernible focusing at the core site, a focusing-factor 
less than 1indicates sediment is focused away from the site, and a focusing-factor greater 
than 1 indicates some focusing has taken place.  For example, a focusing-factor of 2 indicates 
that the core location has received twice as much sediment as would be expected from 
vertical flux alone (Fuller and others, 1999; Lyle and others, 2005).  These values were not 
used to adjust OC burial estimates, but were provided as a means of assessing the level of 
bias associated with the sampling location. 
 The percent organic matter content of each core section was determined by loss-on-
ignition (LOI) at 550 °C for one hour and converted to percent OC  by multiplying by a 
correction factor of 0.469 (Dean, 1974; Downing and others, 2008; Anderson and others, 
2009).  Samples from each core interval were sent to Daniel Engstrom at the St. Croix 
Watershed Research Station to be freeze-dried and analyzed for excess 
210
Pb activity through 
alpha spectroscopy (Appleby and Oldfield, 1978).  Dates and sediment accumulation rates 
were calculated based on the constant rate of supply model which assumed a constant supply 
of 
210
Pb to the sediment (Appleby and Oldfield, 1978).  OC burial was calculated as the 
product of the percent organic carbon and the sediment accumulation rate at each interval.  
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 Magnetic-susceptibility was measured using GeoTek Standard MSCL whole-core 
logger at the University of Minnesota’s Limnological Research Center.   Magnetic-
susceptibility is a measure of the amount of magnetic material present in the sediment and 
has been shown to be a reliable proxy for terrestrial inputs from erosional sources (Dearing 
and Flower, 1982; Dearing and Jones, 2003).  We estimated the relative portion of 
allochthonous OC being contributed to the lake as the variance explained in OC burial by 
magnetic-susceptibility.  The remaining portion of variance could then be attributed to 
autochthony or other sources of variation.  OC burial was log10 transformed for 
normalization.  The flocculent portion of each core was not analyzed for magnetic-
susceptibility because it was removed in the field and was believed to post-date the most 
critical period for anthropogenic eutrophication (1850-1970) in all lakes except WOK.  WOK 
was excluded from this analysis because magnetic-susceptibility values for the critical period 
were not measured. 
 Although all seven study lakes are currently mesotrophic to hypereutrophic (Table 1), 
it is not clear at what point and at what rate eutrophication occurred.  To this end, biogenic 
silica (BSi), an indicator of primary production (specifically, diatoms), was estimated as the 
Si:Ti ratio using whole-core X-Ray Fluorescence Spectroscopy (XRF) at 1 mm intervals in 
two of the lakes (MIN and LGR) (Johnson and others, 2010).  Similar to magnetic-
susceptibility, the flocculent portion of each core was not analyzed for XRF. 
Agricultural Variables 
To examine the correlation between landscape change and OC burial, we followed 
the approach of Downing (2003) and compared OC burial rates with percent land surface in 
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farms as an indicator of land disturbance, percent wetlands drained as an estimator of 
hydrologic disruption, and annual maize (Zea mays) yield in the state of Iowa as an index of 
intensification of row-crop agriculture, as well as chemical fertilization.  The state of Iowa 
was developed rapidly and uniformly (Mutel, 2008), so these broad-scale trends reflect 
agricultural changes within the study region. 
The percent land surface in farms was determined by the United States Department of 
Agriculture (USDA) Census of Agriculture and was reported every 10 years between 1850 to 
1930 and once every five years from 1930 to 2007 (U.S. Census for Agriculture, 
http://www.agcensus.usda.gov).   
To determine the percent wetlands drained, we first estimated the area of wetlands in 
the state prior to European colonization using historical vegetation maps from the General 
Land Office surveyors of 1832 to 1859 (Anderson, 1997).  We then estimated the proportion 
of wetlands remaining from the following years which had readily available land description 
data: 1906, 1922, 1956, 1985, 1990, and 2002 (Iowa Geological and Water Survey, 
http://www.igsb.uiowa.edu).   All wetland areas were estimated using ArcMap 9.3 (ESRI, 
2008).   
Maize is the primary crop in this region and comprises ~60% of the annual 
agricultural harvest (by area) making it a reliable estimator of agricultural intensification 
(U.S. Census for Agriculture, http://www.agcensus.usda.gov). We determined annual maize 
yields per unit area for the state from the USDA National Agricultural Statistics Service 
(NASS) which had annual data available from 1866 through 2009 
(http://www.nass.usda.gov).  Trends in maize yield were characterized by fitting a local 
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polynomial regression model (LOWESS) with a span of 0.67 to the data (Cleveland and 
others, 1992).  Maize yield was used as a proxy for chemical fertilizer use because complete 
fertilizer records were not available over the entire time period of this study.  To validate this 
relationship, we regressed maize yield data against the nearly three decades of fertilizer date 
that were available from 1981 through 2009 (Iowa Department of Agriculture, 
http://www.agriculture.state.ia.us), and found a significant positive correlation between the 
variables (Figure 3; r = 0.56, p = 0.001, n = 29). 
Analytical Methods 
Relationships between OC burial and landscape change were determined using 
Pearson’s correlation coefficient.  Agricultural variables available were statewide estimates 
and were compared to the average OC burial for all lakes (n = 7) rather than each lake 
individually.  This approach was used to avoid predicting multiple burial rates from a single 
landscape variable.  Maize yield was compared to average OC burial by predicting OC burial 
at 15 year intervals from 1870-2005 (n = 10) using locally weighted regression (LOWESS) 
(Cleveland and others, 1992).   The percent area in farms (n = 25) and percent wetlands 
drained (n = 7) were reported at intermittent time intervals so we used the average of OC 
burial in all years within each time interval.  OC burial was normalized using a log10 
transformation.  
We examined the difference between pre-settlement and modern OC burial by 
calculating discrete estimates of OC burial in each lake prior to European settlement 
(hereafter referred to as historic) and at the time of sampling (hereafter referred to as 
modern).  The year 1850 was chosen as a reference point for historic conditions because most 
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published census data indicate the region was not extensively cultivated for agriculture until 
at least 15 years later (Van Zant and others, 1979).  A paired t-test was performed to test that 
OC burial was significantly higher in the modern samples and to ensure that variation in OC 
burial between time periods (modern vs historic) was greater than the variation between 
lakes.  
 In addition to the data collected in this study, we compared our results to OC burial 
data collected in 92 different lakes and impoundments across the world (Mulholland and 
Elwood, 1982; Downing and others, 2008; Sobek and others, 2009; Biggs, unpublished)  
Results 
Dating and Single Core Validation 
All seven lakes were successfully dated using the 
210
Pb constant rate of supply model.  
These dates confirmed that each core was representative of the period before and after 
agricultural intensification in the region.  The oldest 
210
Pb dates in all but UGR preceded 
1850. The oldest dated section for UGR was still within one standard error of 1850 (1869 ± 
30 yrs), so this section was also assumed to be representative of historic OC burial rates.  
Sediment focusing-factors were less than two for all cores except MIN, which had a 
focusing-factor of 3.5 (Table 2).  Three of the sediment cores had focusing-factors which 
were less than one.  The average focusing-factor for all seven lakes was 1.6. 
210
Pb dates were significantly correlated (p < 0.001) with average OC burial rates (r = 
0.93 n = 10) (Figure 5), indicating that OC burial increased over time.  OC burial had a 
significant positive correlation with magnetic-susceptibility, a proxy for terrestrial inputs, (r 
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= 0.65, p < 0.001, n = 53), which indicated that 42% of the variation in OC burial was related 
to increasing inputs from allochthonous OC sources (Figure 6).  BSi flux, a proxy for 
primary production by phytoplankton, showed asymptotic increases over time in both lakes 
in which it was measured (MIN, LGR) (Figure 3), indicating steady increases in primary 
production over time for both systems.  These increases begin shortly after settlement 
(~1850), but become more pronounced at the beginning of the 20
th
 Century, with markedly 
larger increases in MIN after 1900 and steady increases in LGR after 1920.    
Impacts of Landscape Change on OC Burial 
All three of the agricultural variables reflected the rapid transformation of native land 
to use for agriculture (Figure 4).  By 1900, 83% of the land in the state was farmland and 
96% had been converted by 1950.  The percent of wetlands drained tripled from 22% in 1900 
to 69% in 1922.  Ninety percent of the wetlands in the state were drained by 1956.  The 
average maize yield for each decade from 1860 to 1930 remained fairly constant (range: 2.12 
to 2.49 tonnes/ha), but increased in each decade following 1940 to a maximum of 10.25 
tonnes/ha in the 2000’s.  All three agricultural variables had a significant positive correlation 
with the average OC burial for all seven lakes (Table 4).  Percent wetlands drained and 
annual maize yield explained a relatively large proportion of the variation (r
2
 = 0.76, 0.94) in 
comparison to percent land in farms (r
2 
= 0.19).   
Historic vs Modern OC Burial Comparison.   
Changes in OC burial ranged from +39 to +162 g C m
-2
 yr
-1
 (Table 2) and the average 
difference (modern – historic) was 85 ± 39 g C m-2 yr-1 (t = 5.31, n = 7, p = 0.002).  
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OC burial rates from published world data were summarized as 95% confidence 
regions for mean values of OC burial versus lake area (Figure 7).   Historic OC burial rates 
from this study all fell within or below the 95% confidence region estimated for natural lakes 
of similar size (lake area < 100 km
2
) using data from Mulholland and Elwood (1982).  All 
historic OC burial rates were below Mulholland and Elwood’s published mean for 
mesotrophic and eutrophic lakes (94 g C m
-2
 yr
-1
) and ~60% of the historic rates in this study 
fell below the published mean for oligotrophic lakes (27 g C m
-2
 yr
-1
).  Modern OC burial 
rates from six of the seven lakes in this study fell above the 95% confidence region for 
natural lakes and ~70% fell above the published mean for mesotrophic and eutrophic lakes.  
None of the modern rates of OC deposition fell below the published mean for oligotrophic 
lakes.   
Discussion 
Impacts of Landscape Change on OC Burial 
Our data support the hypothesis that landscape change and eutrophication resulting 
from agricultural intensification were associated with increasing OC burial in these inland 
waters.  Using variables that represent agricultural intensification within the watershed (i.e., 
percent wetlands drained, maize yield) along with proxies for autochthonous primary 
production (BSi) to estimate eutrophication, our data show a highly significant correlation 
between OC burial and increases in agricultural intensification. 
Our results indicate nearly half (42%) of the increase in OC burial in these systems is 
statistically attributable to fluctuations in our proxy of allochthonous inputs (magnetic-
85 
 
susceptibility; Figure 6). This result is not surprising in that this region has lost 
approximately half of its OC rich topsoil (20 cm on average) in the last 150 years (Risser, 
1981).  The majority of these soil losses have been transported downstream and are linked to 
the extremely high OC burial rates already documented in impoundments of the region 
(Downing and others, 2008).  It is likely that these natural lakes are, likewise, receiving 
similarly large loads of suspended sediments, making up a significant portion of the OC 
buried in these systems. 
 The increasing BSi fluxes seen in the two lakes in this study reflect only 
phytoplankton which form siliceous structures, primarily belonging to the class 
Bacillariophyceae (diatoms) and to a lesser extent Chrysophyceae.  These two classes make 
up a large portion of the total phytoplankton biomass at low and intermediate nutrient 
concentrations (0-50 µg/L TP), but become decreasingly abundant relative to other 
phytoplankton, specifically Cyanobacteria, at higher nutrient concentrations (Watson and 
others, 1997).   Because both lakes for which BSi flux was measured have average TP 
concentrations greater than 50 µg/L (Table 1), it is likely that changes in BSi flux 
underestimate the change due to total phytoplankton primary production following 
eutrophication. Increases in autochthonous fixation and burial of autochthonous OC may be 
even greater than implied by Figure 3. 
Although BSi may underestimate the magnitude of change in total primary 
production at high nutrient concentrations, the trend towards increasing primary production is 
clear and most likely due to anthropogenic eutrophication.  Primary production remained 
fairly constant prior to European settlement and has increased asymptotically since then 
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(Figure 3).  Though MIN and LGR had differing trajectories in BSi over time, the greatest 
increase in both lakes was post-1950, when more intensive agricultural techniques became 
prevalent in the region (Auclair, 1976).  Increasing primary production would result in 
increasing autochthonous OC fixation by primary producers and an increasing role for these 
systems in fixing and burying atmospheric carbon.   
 Contrary to some other studies (i.e., Davis, 1976; Jones and others, 1985), the greatest 
increase in OC burial did not occur directly after initial land clearance.  Instead, OC burial 
was more closely correlated with increasing maize yields (r = 0.97) and wetland drainage (r 
= 0.87) which peaked nearly a century after European settlement (Figure 4).  This implies 
that changes in OC burial rates were more influenced by the intensification of agricultural 
practices (i.e., row-cropping, tillage practices, chemical fertilization, and artificial drainage) 
which occurred in the mid-20
th
 century rather than by initial clearance and conversion of 
native vegetation.  Previous studies considering temporal changes in sedimentation rates  
(i.e., Davis, 1976; Jones and others, 1985) have primarily considered historically forested 
landscapes which, when cleared for timber or other uses, may be left barren for a time and be 
more susceptible to large erosional events.  Conversely, native grasslands, (such as those that 
formerly surrounded the lakes in this study), were cleared for agriculture and then quickly 
cultivated with cover crops (usually cereals) which could provide protection and stability to 
the soil (Mutel, 2008).  Also, timber harvest rotations keep some cover over periods spanning 
decades, whereas grasslands converted for agriculture are annually stripped of their 
vegetation. This may explain the large cumulative contribution of allochthonous OC seen in 
this study relative to studies of forested landscapes.     
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Historic vs Modern OC Burial   
On average, lakes in this study increased OC burial by 4.5-fold following 
eutrophication (Table 3).  Variation in morphometry and size among the lakes likely 
accounted for a portion of the variance in historic and modern burial rates; however, the 
among-lake variation was small compared to the average change in OC burial seen between 
time periods (85 ± 39 g C m
-2
 yr
-1
,
 
p = 0.002).    
 When data from this study are compared with published OC burial rates in similar 
systems worldwide (e.g., Mulholland and Elwood, 1982), the contrast between historic and 
modern OC burial rates is apparent.  Historic OC burial rates for the seven lakes in this study 
all fell in or below the 95% confidence region for the OC burial data from world lakes 
(Mulholland and Elwood, 1982).  This suggests that OC burial rates for our lakes were in line 
with predicted averages for mesotrophic and oligotrophic lakes prior to disturbance.  In all 
but one of these lakes (UGR), modern OC burial rates have shifted above the 95% 
confidence region for the world lake OC burial data.  Six of these lakes are now eutrophic or 
hypereutrophic (TP > 50 µg L
-1
 or TP > 100 µg L
-1
) and none would be classified as 
oligotrophic (TP < 10 µg L
-1
) (Table 1).   
Although only seven lakes were considered here, lakes throughout the agricultural 
Midwest have experienced similar levels of anthropogenic eutrophication (2007 mean TP 
concentration for Iowa lakes and reservoirs: 112 ± 10 µg L
-1
, n = 121; Downing, 
unpublished).  If there is a generalized relationship between OC burial and eutrophication, 
then OC burial in continental waters is likely increasing systematically with increased 
nutrient concentrations and eutrophication. 
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Extrapolating Single Cores to Whole-Lake Estimates of OC Burial  
Caution must be used when extrapolating OC burial from a single sediment core 
across an entire lake.  Recent studies have suggested that a minimum of 5-10 cores should be 
taken when trying to precisely estimate whole-lake sediment and OC burial rates; however, a 
single central core has still been shown to be able to establish large-scale differences in OC 
burial between lakes (Rowan and others, 1995; Rippey and others, 2008).  The sediment 
focusing-factors from our seven cores indicate that some horizontal flux of sediment 
occurred, especially at MIN, which may have lead to some overestimation of OC burial in 
those systems.  Three of the systems had focusing-factors < 1 which would indicate sediment 
focusing away from the site (unlikely due to core site location) or 
210
Pb outflow due to 
shorter water residence times.  Because our data were presented as averages across all cores 
in this study (e.g., Figs 4 and 5), we have minimized potential bias due to any extreme values 
attributed to focusing (to the site or away from it) and brought our OC burial rates closer to 
what might be expected to represent an average whole-lake estimate.  The mean focusing-
factor for these cores was 1.6, indicating that horizontal flux of sediment was less than the 
expected vertical flux (focus-factor < 2), on average, at these sites.   
In the future, it may be reasonable to use focusing-factors as a means of correcting for 
sediment focusing in single cores, but this would complicate comparisons with OC burial 
numbers reported in other studies (e.g., Mulholland and Elwood, 1982; Downing and others, 
2008; Sobek and others, 2009) which were not corrected in a consistent manner.  We felt that 
not transforming the OC burial, while still reporting the individual focusing factors for each 
core, was the approach involving the fewest assumptions.  All OC burial results from our 
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study were in line with estimates generated from studies using more intensive and time-
consuming methods such as intensive coring and repeated bathymetry (Mulholland and 
Elwood, 1982; Downing and others, 2008; Sobek and others, 2009).   
Conclusions 
Due to increasing world population and consumption, nearly all of the remaining 
cultivatable land will be converted to intensive agriculture in as little as 50 years (Tilman and 
others, 2001).    If current trends hold, this conversion will be accompanied by increasing 
eutrophication and the nutrient-driven degradation of water quality by agricultural nutrient 
effluent (Carpenter and others, 1998; Arbuckle and Downing, 2001).  The most recent 
published carbon budgets estimate global OC burial by inland waters at 0.6 Pg/year (Tranvik 
and others, 2009).  If agricultural intensification leads to an eventual doubling of OC being 
buried worldwide (the minimum total increase seen in this study), then that additional carbon 
must represent a substantially increased contribution from terrestrial sources or decreased 
evasion of carbon to the atmosphere.  In either case, if anthropogenic eutrophication 
continues, inland waters will play an increasingly important role in the long-term burial and 
storage of OC.  
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Tables 
 
Table 1. Physical characteristics and selected water chemistry for the seven Midwestern 
lakes in this study. 
Lake
1
   Lake area
1
 
(km
2
) 
Maximum
1
 Depth 
(m)
1
 
TP
a   
 
(µg L
-1
) 
TN
a
    
(mg L
-1
) 
Secchi
1 
depth
a
 
(m)
1
 
Chl a
a1
 
(µg L
-1
) 
Center Lake CNT 1.1 4.8 96 2.0 1.6 40 
West Lake Okoboji WOK 15.7 39.1 22 0.7 6.0 4 
East Lake Okoboji EOK 7.5 6.4 75 1.1 2.2 14 
Upper Gar Lake UGR 0.2 2.2 83 1.2 1.5 25 
Lake Minnewashta MIN 0.5 4.7 84 1.2 1.9 19 
Lower Gar Lake LGR 1.1 4.7 97 1.4 0.7 26 
Silver Lake SLV 4.3 3.8 103 3.3 0.7 30 
         
           
aMean water quality measurements for samples collected by the Iowa Lakes Survey from 2001-2009 (Downing, 
unpublished;  for details see http://limnology.eeob.iastate.edu/lakereport/) 
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Table 2. Sediment focusing factors for all seven sediment cores illustrating the approximate 
amount of sediment focusing to or away from the coring site.  Atmospheric 
210
Pb deposition 
was assumed to be 15.5 pCi cm
-2
. 
Lake 
210
Pb Inventory 
(pCi cm
-2
) 
Focusing- 
Factor 
CNT 29.5 1.9 
WOK 25.4 1.6 
EOK 29.6 1.9 
UGR 9.0 0.6 
MIN 53.5 3.5 
LGR 13.6 0.9 
SLV 9.3 0.6 
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Table 3. Comparison of historic and modern organic carbon burial rates in seven Midwestern 
lakes. 
Lake Historic OC  
Burial
a
 
Modern OC 
Burial
b
 
Δ OC  
Burial 
  
(g C m
-2
 yr
-1
 ) (g C m
-2
 yr
-1
 ) (g C m
-2
 yr
-1
 ) 
CNT 60 110 51 
WOK 17 95 78 
EOK 33 135 101 
UGR 26 64 39 
MIN 38 200 161 
LGR 21 130 108 
SLV 12 70 58 
    
      
aHistoric organic carbon (OC) burial estimated for the year 1850.  bModern OC  
burial estimated for the year 2007     
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Table 4. Correlation coefficients (r), sample size (n), and significance (p) for three 
agricultural variables against average OC burial rates for seven Midwestern lakes. 
Agricultural Variable r n p 
Percent land in farms 0.44 25 0.035 
Percent wetlands drained 0.87 7 0.010 
Annual maize yield 0.97 88 <0.001 
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Figure Legends 
Figure 1.  Geographic locations and watershed boundaries of the seven lakes sampled for 
this study.  Dashed lines represent 10-digit watershed hydrologic units delineated by the 
USDA-NRCS (available at: http://www.igsb.uiowa.edu/nrgislibx/).  Inset shows the location 
of lakes within the state of Iowa (black box) as well as major geologic boundaries within the 
state.  
Figure 2. Annual maize yield plotted against annual fertilizer application for the region 
demonstrating the significant positive correlation between the variables (r = 0.56, p = 0.001). 
Figure 3. Temporal trends in BSi flux (a proxy for autochthonous primary production and 
eutrophication) for MIN and LGR, illustrating asymptotic increases following settlement.   
Figure 4. Agricultural variables for the region plotted over time for the last century and a 
half.  Agricultural data is overlaid by the LOWESS trend for in the average OC burial over 
all lakes.  Agricultural data modified from Downing (2003), with permission.  
Figure 5. Relationship between year and organic carbon burial in seven lakes from the 
Midwestern U.S (r = 0.93, p < 0.001, n = 10).  Points are average OC burial rates for all 
seven lakes estimated from LOWESS regression.  Error bars represent ±1 SE. 
Figure 6. OC burial plotted against magnetic susceptibility.  Forty-two percent of the 
variance in OC is explained by allocthonous inputs (r = 0.65, p < 0.001, n = 53). 
Figure 7. Data from a worldwide sample of lakes and reservoirs is presented as 95% 
confidence regions for the mean relationships between organic carbon (OC) burial rates and 
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surface water area, calculated from previous studies (Mulholland and Elwood, 1982; 
Downing and others, 2008; Sobek and others, 2009, Briggs, unpublished).  Points represent 
historic (empty) and modern (shaded) OC burial rates in seven lakes from the Midwestern 
U.S.  Dashed lines represent average burial rates in natural lakes from Mulholland (1982) 
split between oligotrophic (black line) (mean: 27 g C m
-2
 yr
-2
) and mesotrophic/eutrophic 
(grey line) (mean: 94 g C m
-2
 yr
-2
). 
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Abstract 
Agricultural soil loss and deposition in aquatic ecosystems is a problem that impairs 
water quality worldwide and is costly to agriculture and food supplies. In the US, for 
example, billions of dollars have subsidized soil and water conservation practices in 
agricultural landscapes over the past decades. We used paleolimnological methods to 
reconstruct trends in sedimentation related to human-induced landscape change in 32 lakes in 
the intensively agricultural region of the Midwestern United States.  Despite erosion control 
efforts, we found accelerating increases in sediment deposition from erosion; median erosion 
loss since 1800 has been 15.4 tons ha
-1
. Sediment deposition from erosion increased >6-fold, 
from 149 g m
-2
 yr
-1
 in 1850 to 986 g m
-2
 yr
-1
 by 2010.  Average time to accumulate one mm 
of sediment decreased from 631 days before European settlement (ca. 1850) to 59 days mm
-1
 
at present. Most of this sediment was deposited in the last 50 years and is related to 
agricultural intensification rather than land clearance or predominance of agricultural lands.   
In the face of these intensive agricultural practices, traditional soil conservation programs 
have not decelerated downstream losses. Despite large erosion control subsidies, erosion and 
declining water quality continue, thus new approaches are needed to mitigate erosion and 
water degradation. 
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Introduction 
Soil erosion and nutrient loss from agricultural and urban lands are important 
problems facing inland, coastal, and marine waters [1].  Despite the US spending $5 billion 
annually to limit soil and nutrient losses from fields
 
[2], intensive agricultural practices still 
threaten clean water resources
 
[3].  
Historical agricultural development in the Midwestern United States primarily 
consisted of large-scale landscape change and agricultural intensification. Historical change 
occurred in three phases (Fig. 1A) that are consistent across the agricultural regions of North 
America. (I) Land clearing of the native wet tallgrass prairie vegetation for agriculture began 
around 1850 and was 95% complete by 1910. (II) Land drainage by stream channelization 
and subsurface drains began around 1850, draining 70% of wetlands by 1920
 
[4]. (III) 1950s 
intensification of agriculture via increased average farm size, mechanization, fertilizer, and 
biocide application increased yields almost 4-fold
 
[5].  
Soil erosion mitigation programs began in 1935 and the US federal government has 
spent $294 billion (inflation adjusted) since then to support these programs nationwide 
(Figure 1A). Programs commonly paid farmers to plant cover crops, but retiring farmlands to 
native vegetation has been more common since 1985
 
[6].  According to the U.S. Department 
of Agriculture National Resource Conservation Service (USDA NRCS; 
http://www.ia.nrcs.usda.gov), in the state of Iowa alone, $53 million was spent on 
conservation programs, almost half of which went to installing practices such as grassed 
waterways, terraces, and other sediment and nutrient management strategies.  The success of 
these programs in reducing sedimentation in some regions has been demonstrated [7], but 
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other studies have questioned whether current soil conservation methods are enough to curb 
these problems, especially in areas where agricultural land use is most intense [8].  It has 
been suggested that the heart of this controversy is based on the prevalent application of 
generalized models to estimate soil loss changes, in lieu of actual measurements. There has 
been a call for more direct measurements of erosion in order to better inform models and 
more effectively implement conservation practices [9].  
We measured the flux of erosional sediment to lakes over the last 180 years and 
quantified in-lake production of organic matter caused by accompanying nutrient runoff.  
The lakes in this study are located in an intensively agricultural region where erosion and 
nutrient mitigation efforts have been intense. Previous studies have used sediment to examine 
the correlation of agricultural practices with erosion rates with sometimes conflicting results, 
but these studies have often only considered a small number of lakes [10,11,12].  Here we 
examine a regional lake data set (32 lakes) and show that, on average, sediment accumulation 
rates have increased exponentially since the intensification of agriculture in the 1950s and 
that up to 75% of deposited sediment derives from erosion, despite efforts at control. This 
suggests the need for new approaches to permit the coexistence of productive agriculture and 
healthy water. 
Materials and Methods 
Thirty-two glacially formed (ca. 10,000 – 13,000 years old) lakes in the intensively 
agricultural Midwestern state of Iowa, USA, were selected to characterize the history of 
eroded soil transport and sediment delivery in the region (Table 1).  Estimates from 2002 
land cover data indicate that some form of conservation practices was present in the 
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watersheds of all lakes (average: 6% of area) and agriculture was the dominant land use 
(average: 50% of area) (Iowa Geological and Water Survey, http://www.igsb.uiowa.edu).  A 
sediment core was collected from a representative location in each lake, near the average 
depth, and sediment mass accumulation rates (MARs) were calculated based on 
210
Pb dated 
core intervals [13].  Two lakes (Black Hawk Lake and Storm Lake) had an additional core 
taken from a secondary basin.  Loss-on-ignition analysis [14] was performed on all dated 
sections to estimate the proportion of sediment derived from erosional inputs versus in-lake 
processes.  Lake locations and basic water quality information are presented in the 
Supporting Information (Table S1).  All lakes sampled in this study were publically owned 
and managed by the State of Iowa.  No specific permits were required for the described field 
studies.  Permissions to collect sediment cores from public lakes in this study were given by 
the Iowa Department of Natural Resources.    
Previous studies in this region have conservatively estimated that 42% of the 
sediment organic matter is derived from terrestrial sources [4], so this proportion was added 
to the terrestrially derived inorganic fraction [15] to determine total erosional inputs.  The 
remaining organic matter plus the fraction of calcium carbonate were assumed to be derived 
from in-lake processes stimulated by nutrient enrichment.  Average MARs were calculated 
based on the average across all lakes for each decade from 1830-2010 (n = 459). Very few 
dated sections were available prior to 1830 (n = 8), so sections from 1760-1839 were 
combined.  
Cumulative sediment delivery from the watershed was calculated by estimating 
average annual erosional deposition to lakes from a fitted locally weighted regression model 
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(LOWESS; span = 0.67) [16] and multiplying by total lake area to estimate total erosional 
deposition.  The total erosional deposition was then divided by total watershed area to 
determine the cumulative erosional loss to lakes from the watershed per unit area. 
Results and Discussion 
Sediment cores, dated with the radio-isotope 
210
Pb, revealed that sediment deposition 
from erosion and internal production has increased continuously since settlement and that 
sediment deposition and agricultural changes followed similar chronologies (Figure 1B). 
Total mass accumulation rates (MARs) of sedimentation in lakes prior to European 
settlement and at present are given in Table 1.  The sediment deposition from erosion 
increased from 149 g m
-2
 yr
-1
 in 1850 to 986 g m
-2
 yr
-1
 by 2010 and the average deposition 
rates for internally-produced sediment increased from 58 g m
-2
 yr
-1
 to 434 g m
-2
 yr
-1
. 
Erosional sediment delivery and in-lake produced deposition both increased by 
approximately 7-fold since initial settlement of the region.  The largest increases in sediment 
deposition occurred after 1950, concurrent with agricultural intensification. Average time to 
accumulate one mm of sediment decreased from 631 days before European settlement (ca. 
1850) to 59 days mm
-1
 at present (Fig. 1B).  
Sediment deposition from erosion represents a median loss of 15.4 t ha
-1
 (mean: 27.6 t 
ha
-1
) delivered to lakes from the watersheds over the length of time covered in this study 
(~180 years) and was the source of up to 75% of total sediment deposited in these lakes.  
Cumulative erosion calculated from deposition in lakes ranged from 0.8 to 132.8 t ha
-1
.  A 
LOWESS smooth fit to erosion data across all lakes indicates an average increase from 0.1 t 
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ha
-1
 yr
-1
 in 1850 to 0.4 t ha
-1
 yr
-1 
in 2010 (Figure 2).  Individual erosion losses from 
watersheds for each of the 32 lakes are presented in the Supporting Information (Figure S1).   
The eroded soil that leaves watersheds can be a small percentage of total upland 
erosion in some systems
 
[9]; however, increases in delivery seen in these lakes may reflect 
increased erosion of topsoil as well as destabilization of upland soil previously deposited as 
unstable alluvium (e.g., stream bank and bed erosion) [17].  The estimates from this study, 
therefore, should be considered a measurement of annual net loss of erosional materials from 
the watersheds rather than a direct measurement of annual topsoil loss. 
Eroded sediment and run-off from watersheds with intense agriculture also delivers 
particulate and dissolved phosphorus (P)
 
[18], which led to increased in-lake production 
through nutrient enrichment of these systems (Figure 1B).  Monitoring data indicate that 
many of the lakes in this study were eutrophic (Total P > 30 µg/l) and highly productive by 
the mid-1970’s [19] and data from our study show that the largest increases of internally-
produced material began around 1950.  The efficiency with which herbivores consume 
additional organic matter decreases with eutrophication because increasingly large and 
inedible algae may be favored under these conditions [20, 21], which has led to increased 
deposition of internally-produced material to the sediments.  On average, this material 
accounts for up to 31% of the sediment in these systems and the rate of deposition has nearly 
tripled since 1950. 
Despite well-intentioned efforts, recent changes in farming have increased the 
potential for erosional deposition of sediment and nutrients. As demand for farm products 
increased, farms aggregated and expanded onto previously unfarmed slopes and riparian 
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buffer zones [8]. As a result of this consolidation, average farm size in this region increased 
from 68 ha in 1950 to 134 ha in 2007, despite a 10% decrease in the total area in farmland. 
Maize yields rose geometrically after 1950 (Figure 1A) due in part to increasing use of 
chemical fertilizers and intensive row-cropping practices.  Both practices have been linked to 
increasing organic matter transport and burial in lakes and are strongly correlated with 
agricultural intensification rather than initial land clearance [4]. 
The complex conveyance processes that transport eroded topsoil out of watersheds, 
specifically when temporarily stored as colluvium or alluvium, may cause a lag time between 
changes in land-use (i.e., source erosion) and sediment delivery [22].  Sediment delivery in  
regions where agricultural influences have not been as intensive in modern years have shown 
peaks in sediment delivery by 1960 [23] and others have found lake sediments to reflect 
landscape changes in watersheds within as few as 12 years [11].  The absence of any 
discernible peak in the rate of sediment delivery across our study sites and the long timescale 
of our analysis (180 years) suggest that lags in transport of stored sediment alone cannot 
sufficiently explain the exponential increases in sediment delivery seen in these lakes. 
 Possibly, erosion and sediment deposition would have been more severe without 
erosion control subsidies. Soil erosion mitigation programs were created in response to 
excessive losses of soil from farmers’ fields and water quality concerns. Despite these 
efforts, however, sediment deposition downstream has not decelerated in one of the most 
intensively agricultural regions. Our results suggest that decreasing downstream sediment 
accumulation and water impairment will require more than voluntary programs of subsidized 
farmland easement. Projected increased global demands for food, energy, and fiber [5] imply 
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that even current erosion rates will be exceeded without better land management practices. 
Practices aimed at decreasing hydrologic connectivity, surgically stabilizing the most 
erosion-prone parcels, slowing water transport, restoring riparian corridors, and converting to 
low intensity agricultural practices may be more efficient options. 
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Tables 
 
Table 1. Lake and watershed sizes, maximum 
210
Pb ages at the bottom of cores (± SE), 
historic and modern sediment total (erosional + in-lake) mass accumulation rates (MAR; 
±SE) for the sediment cores taken from 32 lakes in this study.   
Lake Name 
Lake Area 
(km2) 
Watershed 
Area (km2) 
Max 210Pb Date 
(± Years) 
Historic MAR  
(g cm-2 yr-1) 
Modern MAR  
(g cm-2 yr-1) 
Black Hawk Lake 3.1 53.2 1895 ± 20 0.065 ± 0.036 0.120 ± 0.006 
Black Hawk Lake (Slough) 0.7 53.2 1881 ± 64 0.081 ± 0.140 0.418 ± 0.034 
Burt Lake  0.8 22.4 1829 ± 37 0.033 ± 0.033 0.338 ± 0.020 
Center Lake 0.9 1.9 1835 ± 31 0.055 ± 0.052 0.130 ± 0.006 
Clear Lake 14.9 38.8 1929 ± 38 0.005 ± 0.004 0.005 ± 0.001 
Crystal Lake 1.0 7.4 1857 ± 22 0.053 ± 0.035 0.256 ± 0.014 
Diamond  0.6 6.6 1831 ± 34 0.019 ± 0.016 0.201 ± 0.012 
East Lake Okoboji 7.4 47.5 1799 ± 28 0.035 ± 0.028 0.142 ± 0.007 
Five Island Lake 3.9 31.5 1863 ± 36 0.052 ± 0.053 0.230 ± 0.014 
High Lake 1.9 6.3 1889 ± 67 0.040 ± 0.076 0.186 ± 0.016 
Ingham Lake 1.4 3.7 1813 ± 39 0.010 ± 0.009 0.098 ± 0.005 
Iowa Lake 3.2 36.3 1866 ± 35 0.046 ± 0.048 0.218 ± 0.011 
Lake Cornelia 1.0 3.0 1755 ± 96 0.006 ± 0.009 0.101 ± 0.004 
Lake Minnewashta 0.5 1.2 1825 ± 21 0.044 ± 0.025 0.260 ± 0.011 
Little Spirit Lake 2.4 5.8 1820 ± 45 0.027 ± 0.030 0.193 ± 0.008 
Little Wall Lake 1.0 0.8 1792 ± 44 0.013 ± 0.016 0.063 ± 0.004 
Lost Island Lake 4.7 20.9 1814 ± 33 0.006 ± 0.005 0.088 ± 0.004 
Lower Gar Lake 1.0 40.5 1829 ± 23 0.024± 0.015 0.184 ± 0.007 
Morse Lake 0.4 1.2 1794 ± 62 0.012 ± 0.016 0.173 ± 0.010 
North Twin Lake 1.8 8.4 1849 ± 39 0.032 ± 0.035 0.116 ± 0.007 
Pickerel Lake 0.7 6.6 1843 ± 41 0.028 ± 0.032 0.160 ± 0.009 
Rice Lake 4.0 61.9 1873 ± 9 0.012 ± 0.002 0.037 ± 0.002 
Silver Lake (Dickinson Co.) 4.2 60.0 1823 ± 42 0.013 ± 0.012 0.106 ± 0.004 
Silver Lake (Palo Alto Co.) 2.6 33.6 1828 ± 29 0.021 ± 0.016 0.207 ± 0.013 
Silver Lake (Worth Co.) 1.3 7.0 1863 ± 32 0.004 ± 0.002 0.005 ± 0.001 
Storm Lake 12.3 55.7 1929 ± 21 0.038 ± 0.020 0.161 ± 0.014 
Storm Lake (Inlet) 0.4 55.7 1836 ± 128 0.0374± 0.110 0.449 ± 0.043 
Trumbull Lake 4.8 191.5 1894 ± 41 0.134 ± 0.169 0.152 ± 0.011 
Tuttle Lake 9.2 496.7 1822 ± 56 0.016 ± 0.021 0.180 ± 0.010 
Upper Gar Lake 0.1 0.8 1869 ± 29 0.037 ± 0.030 0.071 ± 0.003 
Virgin Lake 0.9 4.3 1838 ± 21 0.017 ± 0.009 0.135 ± 0.007 
West Lake Okoboji 15.6 61.0 1813 ± 30 0.029 ± 0.024 0.099 ± 0.003 
West Swan Lake 1.5 35.0 1829 ± 22 0.013 ± 0.006 0.095 ± 0.005 
West Twin Lake 0.4 0.5 1863 ± 37 0.059 ± 0.066 0.205 ± 0.012 
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Figure Legends 
Figure 1. Changing agricultural practices and regional lake sedimentation rates since 
European settlement, shown as decadal averages across all 32 lakes. (A) Percent land in 
farms (brown), percent of wetlands drained (light blue), maize yield (t ha
-1
) (yellow), and 
cumulative USDA financial assistance (inflation adjusted) for soil and water conservation 
programs in the USA (green). (B) Average regional lake mass accumulation rates for 
erosional (black) and in-lake (fueled by nutrient enrichment; yellow) derived sediment (g m
-2
 
yr
-1
). The time for lakes to add one mm of sediment is also shown (dark blue; days).  Error 
bars represent ± 1 standard error.  Agricultural data were summarized from the United States 
Department of Agriculture’s Census of Agriculture (1850-2007) and the National 
Agricultural Statistics Service.  Annual maize yield data were fitted to a LOWESS model.  
 
Figure 2. Watershed erosion (tons ha
-1
 yr
-1
) versus time for the 32 lakes in this study 
since 1800.  Red line represents average rate of erosion (LOWESS smoothed fit to the data) 
from the watershed across all 32 lakes in this study, surrounded by the 95% confidence 
region.  Blue lines represent LOWESS smoothed fits for each of the individual lakes and are 
included to visualize variability among lakes.      
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Supporting Information 
Table S1. Location and water quality characteristics for the 32 lakes in this study. 
Lake Name 
N UTM Zone 
15 
E UTM Zone 
15 
Max Depth 
(m) 
Total P 
(µg l-1) 
Secchi depth 
(m) 
Black Hawk Lake 4685309 334050 6.1 96 0.4 
Black Hawk Lake (Slough) 4684938 331504 0.9 NA NA 
Burt Lake  4817635 388256 1.5 NA NA 
Center Lake 4808658 326988 4.7 90 1.0 
Clear Lake 4774952 467148 5.8 47 0.8 
Crystal Lake 4786732 434818 2.4 159 0.4 
Diamond 4816622 322749 1.8 599 0.3 
East Lake Okoboji 4805389 328946 6.7 113 1.7 
Five Island Lake 4779873 366244 6.1 122 0.5 
High Lake 4795593 361639 2.4 222 0.3 
Ingham Lake 4797335 362179 3.7 168 0.3 
Iowa Lake 4817559 381898 2.7 138 0.3 
Lake Cornelia 4737459 443679 5.5 74 0.4 
Lake Minnewashta 4802982 327895 5.0 106 1.6 
Little Spirit Lake 4819957 328113 3.0 232 0.5 
Little Wall Lake 4723306 316567 3.7 70 0.4 
Lost Island Lake 4679752 447003 4.3 76 0.5 
Lower Gar Lake 4781524 345236 1.7 100 0.7 
Morse Lake 4802028 328183 1.8 217 0.5 
North Twin Lake 4743063 443514 4.0 50 0.7 
Pickerel Lake 4705866 366698 1.8 304 0.2 
Rice Lake 4752202 343144 4.0 533 0.1 
Silver Lake (Dickinson Co.) 4804677 458470 3.4 109 0.5 
Silver Lake (Palo Alto Co.) 4812521 311146 2.1 153 0.3 
Silver Lake (Worth Co.) 4766215 346045 1.8 236 0.2 
Storm Lake 4814316 466061 6.1 70 0.5 
Storm Lake (Inlet) 4721800 319598 0.7 NA NA 
Trumbull Lake 4784188 341696 1.2 234 0.2 
Tuttle Lake 4817098 370566 1.8 171 0.3 
Upper Gar Lake 4803986 328211 1.5 113 1.4 
Virgin Lake 4774045 346028 1.7 361 0.2 
West Lake Okoboji 4802764 324204 41.5 22 4.2 
West Swan Lake 4801454 363840 1.6 201 0.3 
West Twin Lake 4753855 440335 1.8 167 0.2 
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Supporting Information Figure Legends 
Figure S1. Watershed erosion (tons ha
-1
 yr
-1
) versus time for each of the lakes in this 
study.  Black lines represent a LOWESS smoothed fit to the data.   
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Abstract 
The ratio of zooplankton to phytoplankton (Z:P) standing stock biomass in freshwater 
lakes has been theorized to decline in highly productive systems. This transition has been 
characterized as a shift from an inverted trophic pyramid in unproductive systems, where 
secondary production may be supplemented by allocthonous C inputs, to a normal pyramid in 
eutrophic systems, where phytoplankton form a much larger standing stock and autocthonous 
primary production is more important. An additional explanation for this contrast is that 
increased biomass in highly productive systems is primarily composed of inedible 
phytoplankton (i.e., Cyanobacteria).  We tested this hypothesis by calculating the biomass 
from phytoplankton and zooplankton samples collected from 173 eutrophic lakes and 
estimating the slope of the relationship between zooplankton and phytoplankton biomass. We 
then estimated the edible fraction of phytoplankton as non-Cyanobacteria nanoplankton and 
compared the Z:P ratio with and without this fraction.  Removing Cyanobacteria biomass led 
to a 20% increase in the slope of zooplankton versus phytoplankton biomass. We found that 
90% of the phytoplankton biomass in these systems was composed of Cyanobacteria and that 
their cells were significantly larger than other phytoplankton. Finally, even in these 
extremely productive systems, the Z:P ratio increased with an increasing percentage of edible 
biomass. These results support that the contrast between normal and inverted biomass 
pyramids in unproductive and productive systems may, at least in part, be attributed to the 
dominance and inedibility of Cyanobacteria in the most productive lakes.  
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Introduction 
Elton’s  (1927) concept of ecological pyramids, introduced the theory of trophic 
structure, consisting of the Pyramid of Numbers.  This idea suggested that organisms 
consume resources smaller than they are, so the energetic requirements of large consumers 
are supported by a more numerous resource base of smaller organisms. Odum (1971) 
expanded this concept by proposing an ecosystem-wide pyramid based on biomass and 
production rates of organisms of different trophic levels.  This theory has been applied to 
terrestrial and aquatic systems to predict food web structure, top-down and bottom-up control 
of ecosystem processes (Chase 2000; Shurin et al. 2006), and as a predictor of production to 
respiration ratios and the importance of terrestrial carbon subsidies (del Giorgio et al. 1999) 
Empirically, ratios of standing biomass of trophic levels are used frequently to 
provide insight into the efficiency of trophic transfer through variations in resource use 
efficiency (biomass ratios) among ecosystems (eg., Duarte et al. 2000; Hillebrand and 
Cardinale 2004).  Unlike comparisons of rates of production, biomass pyramids can be 
inverted in systems with low standing stock of primary producers with high production rates, 
yielding a higher standing stock of consumers than producers at a given time.  Despite the 
general importance of this theory in the ecological literature, there have been few 
comparative empirical analyses made using direct measurements of standing-stock biomass 
ratios in aquatic ecosystems (eg., del Giorgio and Gasol 1995; Gasol et al. 1997; McCauley 
and Kalff 1981).  
 There have been few attempts to directly characterize biomass ratios in lakes through 
direct measurement of organisms of multiple trophic levels (McCauley and Kalff 1981). 
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McCauley and Kalff (1981) concentrated on studying the relationship between zooplankton 
and phytoplankton biomass in lakes across a range of trophic status. They showed that 
planktonic systems can produce biomass pyramids that are dominated either by 
phytoplankton (“normal”) or zooplankton (“inverted”) biomass over a range of primary 
productivity levels. Normal biomass pyramids become more common as primary production 
increases (Figure 1; McCauley and Kalff 1981).  del Giorgio (1995) pointed out that this shift 
from a normal to inverted pyramid in freshwater plankton is counter to Odum’s (1971) 
prediction that the shape of the pyramid will be dependent on the rate of production by the 
producer because, in this case, there is evidence for both types of pyramids occurring with 
equivalent primary production rates in eutrophic systems (Baines and Pace 1994; del Giorgio 
and Gasol 1995). 
 del Giorgio (1999) proposed that an increased importance of allochthonous carbon 
subsidies relative to phytoplankton in oligotrophic and humic lakes could account for this 
discrepancy in biomass pyramids across trophic states.  An additional explanation, proposed 
by McCauley (1981), was a change in the phytoplankton community structure in highly 
productive lakes.  This could lead to an increased relative abundance of types of 
phytoplankton that are less edible due to their large size.  In the latter case, the 
Zooplankton:Phytoplankton biomass ratio (Z:P), when considering only edible 
phytoplankton, could be equivalent across trophic systems.  Observed Z:P, however, would 
decline with productivity due to an increase of inedible phytoplankton.  Watson and 
McCauley (1988) provided evidence to support this concept in a study that showed that 
zooplankton biomass and edible phytoplankton were strongly coupled, whereas inedible 
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phytoplankton biomass was uncoupled with zooplankton biomass.   They suggested that the 
declining ratio of edible to inedible phytoplankton in more productive lakes was an 
explanation for decreased Z:P biomass.  Their study, however, was limited to mostly lakes of 
low or medium trophic status (mean TP < 30 µg l
-1
 in 65% of lakes) and included no data 
from hypereutrophic lakes (mean TP > 100 µg l
-1
).  
In most freshwater lakes, primary production is positively correlated with phosphorus 
enrichment (Schindler 1978; Watson et al. 1992).  Phosphorus enrichment is similarly 
correlated with the relative decline of eukaryotic algae (Watson et al. 1997) and the 
increasing relative abundance of Cyanobacteria (Downing et al. 2001).  This increasing 
abundance of Cyanobacteria, combined with evidence from laboratory studies indicating they 
are a poor food source for zooplankton (Demott and Müller-Navarra 1997; Lampert 1987), 
lends support to the hypothesis that the base of biomass pyramids will be increasingly 
dominated by inedible algae in hypereutrophic systems.  Further, if Z:P is primarily limited 
by the proportion of edible phytoplankton, we would expect Z:P and the percentage of edible 
phytoplankton to be positively correlated, despite decreases in Z:P with overall primary 
production.   
To our knowledge, this hypothesis has not been empirically tested at the whole-lake 
level, and we propose to do so using a large dataset of eutrophic to hypereutrophic lakes 
encompassing some of the most productive systems in the world (Downing et al. 2008).  Our 
objectives were to (1) estimate Z:P in highly productive systems and (2) investigate the role 
of Cyanobacteria in forming the base of biomass pyramids in these systems.  This will 
provide novel observational data on Z:P at previously uncharacterized levels of primary 
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production as well as a possible mechanism for the declining correlation between Z:P and 
primary production related to increasing size and abundance of Cyanobacteria.    
Methods 
Plankton samples from this study were collected from 173 natural lakes and 
impoundments located in an agriculturally intensive region of Midwestern North America 
(Figure 2).  The lakes in this region were chosen because they represent some of the most 
nutrient rich and productive lakes on the planet (Downing et al. 2008).  Nearly 90% of the 
land area in the region is in some form of agricultural use (Arbuckle and Downing 2001) and 
most of the lakes in this study are classified as eutrophic to hypereutrophic with high total 
phosphorus concentrations (TP) and algal productivity (mean TP: 114 µg l
-1
; mean 
Chlorophyll a: 45 µg l
-1
; See http://limnology.eeob.iastate.edu for detailed descriptions of the 
lakes in this study).   
 The pelagic plankton communities in these lakes were sampled several times during 
the ice-free period between March and October from 2000 to 2009.  Not all lakes were 
sampled in every year and lakes were visited a variable number of times.  The number of 
samples taken in each lake ranged from 1 to 59 times, (average 21).  For each sampling 
event, 500 ml was collected from an integrated column sample of the upper mixed layer (up 
to 2 m).  All samples were immediately preserved with 1.5 ml of Lugol’s solution (American 
Public Health Association 1998).  Zooplankton samples were collected from a vertical tow 
through the upper mixed layer using a 63 µm Wisconsin net.  Zooplankton samples were 
immediately preserved with a 5% Formalin solution containing sucrose, following Haney and 
Hall (1973).  In total, 3670 unique samples were collected over ten years.  
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 Phytoplankton samples were analyzed for biomass and community composition using 
a Leitz DM IL inverted microscope at 200× magnification following the methods of Lund et 
al. (1958).  Phytoplankton were identified to division, counted, and measured using a 
calibrated ocular reticle.  Simple geometric formulae were used to calculate biovolume per 
liter (Hillebrand et al. 1999) and biovolume was converted to wet biomass per liter (Sournia 
1978).  Phytoplankton size was standardized by converting biovolume to equivalent spherical 
diameter (ESD).    
 Zooplankton samples were analyzed using a Nikon SMZ 1500 stereoscopic zoom 
microscope at 96× magnification.  Crustacean zooplankton were identified to family, 
counted, and measured from micrographs using the Image-Pro (Media Cybernetics, Inc.) 
software. Length-weight regressions were used to calculate dry mass per liter of the 
Cladocera and Copepoda following Dumont (1975).   
 Model I least squares regression was used to estimate the linear relationship between 
zooplankton biomass and phytoplankton biomass (Sokal and Rohlf 1994).  Model II 
regression was used to estimate the slope because it provides an estimate of the functional 
relationship between zooplankton and phytoplankton biomass, taking into account that there 
may be measurement error in both the dependent and independent variables (Ricker 1973).   
The significance of the departure of the Model II slope from unity (1.0) was assessed using 
95% confidence intervals around the slope, calculated by a non-parametric permutation test 
with 999 randomizations (Legendre and Legendre 2012).  The Model II regression slope was 
also used to compare slopes with and without the non-edible fraction (Cyanobacteria 
biomass) removed, to assess whether removal of inedible biomass produced a slope more 
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similar to that previously documented in less productive systems.  Zooplankton and 
phytoplankton biomass were log10 transformed to stabilize the variance and approximate a 
normal distribution.     
Data were averaged by lake so that all sampling events at a given lake were 
summarized to a single point (n = 173).  All statistical analyses in this study were performed 
on these averaged data.  Simple linear regression coefficients were weighted by the number 
of observations for each lake average.     
Results 
Zooplankton biomass was significantly positively correlated with total phytoplankton 
biomass for the lakes in this study (F1, 171 = 42, p < 0.001, r = 0.44; Figure 3). The Model II 
slope for total phytoplankton biomass was 0.59 ± 0.20 and did not overlap 1.0 at a 95% 
confidence interval (999 permutations; Table 1) which indicated a decreasing Z:P biomass 
ratio greater than that shown in previous work (McCauley and Kalff 1981 =  0.78 ± 0.22, del 
Giorgio et al. 1995 = 1.05).  The relationship between mean zooplankton and phytoplankton 
biomass was best described as:  
(1)   log10 zooplankton biomass = 0.59 log10 phytoplankton biomass + 0.09. 
Removing non-edible phytoplankton resulted in a 20% increase in the model II slope to 0.79 
± 0.21.  The Model II slope overlapped 1.0 at the 95% confidence interval, suggesting that it 
was not significantly less than unity.  The increase in Model II slope after removing inedible 
phytoplankton brought the coefficient estimate more in line with those estimated across less 
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productive systems.  The relationship between mean zooplankton biomass and edible 
phytoplankton biomass was best described as: 
(2)  log10 zooplankton biomass = 0.79 log10 edible phytoplankton biomass + 0.07.  
The average percentage biomass for Cyanobacteria ranged from 13 to 100% for the 
lakes in this study.  The mean percentage biomass was 89% and the median was 94%, 
indicating a strong negative skew (Figure 4).   In all cases, phytoplankton in lakes that 
averaged over 250 mg l
-1
 phytoplankton biomass was composed of greater than 90% 
Cyanobacteria by biomass.  
 Cyanobacteria were significantly larger on average than other phytoplankton in a 
given lake (t = 20.8, df = 172, p < 0.001).  The average equivalent spherical diameter of 
Cyanobacteria was 6 ± 0.6 µm larger than that of all other phytoplankton divisions (mean 
Cyanobacteria = 16 µm, mean all other phytoplankton = 10 µm; Figure 5).  Additionally, the 
average size of the overall phytoplankton community was significantly positively correlated 
with Cyanobacteria biomass (F1,171 = 111.5, p < 0.001, r = 0.5; Figure 6).   
 The Z:P biomass ratio was compared to the percent of edible phytoplankton biomass 
to assess whether the ratio of zooplankton and phytoplankton standing stock biomass 
increased as the percent of edible phytoplankton increased.  The Z:P biomass ratio was 
significantly positively correlated with the percent edible phytoplankton (F1, 171 = 33.6, p < 
0.001, r = 0.41; Figure 7).   
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Discussion 
There are at least two possible explanations for zooplankton biomass being lower 
than expected by previous studies (McCauley and Kalff 1981) in these highly productive 
lakes.  This study has focused on bottom-up limitation due to phytoplankton inedibility, but it 
is also possible that zooplankton biomass is being affected by top-down predation from fish.  
Though our data did not let us explicitly test the effects of top-down regulation, previous 
work has shown that the lakes in this region with the highest phytoplankton biomass were 
dominated by benthivorous fish which would not be considered major predators for 
crustacean zooplankton (Jackson et al. 2010).  Though these fish may further stimulate 
phytoplankton production through nutrient re-suspension, they do not provide a mechanism 
to reduce zooplankton biomass.  Further, experimental studies have shown the opposite effect 
on zooplankton when in the presence of benthivorous fish (Parkos III et al. 2003).  With 
minimal effects of fish predation, it is than most likely that zooplankton biomass is being 
regulated by primary producers in these lakes.   
As other studies have predicted (e.g., Watson et al. 1997), the eutrophic to 
hypereutrophic lakes in this study were dominated by Cyanobacteria (mean: 89% by 
biomass).  Previous studies have correlated a decline in Z:P biomass ratios with increasing 
primary productivity (del Giorgio and Gasol 1995; McCauley and Kalff 1981). This study 
provides support for these findings, but also identifies a potential mechanism explaining 
observed relationships (Figure 3).  In this study, lakes with less than 250 mg l
-1
 
phytoplankton were highly variable in their percentage of Cyanobacteria (12 – 100%), but 
those over this threshold were, without exception, greater than 90% Cyanobacteria.   
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 Given that Cyanobacteria make up an increasingly large proportion of the base of the 
biomass pyramid as production increases, the efficiency of zooplankton herbivores to use 
that increased biomass will affect the efficiency of energy transfer among trophic levels.  
Previous laboratory studies have found that Cyanobacteria may be a poor food source due to 
the production of toxic compounds such as microcystins (Ghadouani et al. 2003), but a meta-
analysis of 66 laboratory studies (Wilson et al. 2006) found that this effect may be less 
important than other factors such as size and lack of nutritional value.  For example, Demott 
and Müller-Navarra (1997) demonstrated that Cyanobacteria provided little nutritional value 
to zooplankton grazers in laboratory trials. 
Despite evidence from laboratory studies, few field studies, especially large scale 
observational studies, have examined the correlation of size of Cyanobacteria with Z:P 
biomass ratios (Chan et al. 2004).  In this study, we found that Cyanobacteria were, on 
average, significantly larger than other phytoplankton divisions (Figure 5).  Increased 
biomass of Cyanobacteria was positively correlated with the average size of the 
phytoplankton community (Figure 6).  In lakes with the highest Cyanobacteria biomass, an 
increasingly large proportion of phytoplankton cells exceed 35 µm, beyond which it becomes 
difficult for zooplankton to ingest them (Gliwicz 1977; Watson and McCauley 1988). It 
should be noted, however, that the average size for Cyanobacteria was significantly larger 
than other phytoplankton in this study, but they were still within the edible range.  This 
indicates that other mechanisms such as low nutritional value or toxicity may also be 
important in reducing Z:P in lakes where Cyanobacteria dominate.   
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If Cyanobacteria represent a poor or inedible food source to zooplankton, their 
increasing abundance to may lead to decreasing Z:P biomass.  Conversely, the removal of 
Cyanobacteria biomass from estimates of Z:P might result in an increase in slope as the 
remaining phytoplankton biomass more accurately represents the available food source.  In 
this study, we found that removing inedible biomass increased the Model II slope by 20% 
and also led to a slope with a 95% confidence interval that was not significantly less than 
unity (1.0) and appeared more similar to regression coefficients from other studies 
considering less productive lakes (e.g., del Giorgio and Gasol 1995; McCauley and Kalff 
1981).   
Though removing the non-edible fraction of phytoplankton brought the Model II 
slope more in line with previous work, our regression estimates for zooplankton biomass still 
fell below those observed by McCauley and Kalff (1981)(Figure 3).  This was primarily due 
to the difference in the estimated Model II intercept (B0) between the two models (Table 1).  
Regardless of what fraction of phytoplankton biomass was used to predict zooplankton 
biomass, the intercept was near zero (0.09 or 0.07 for total and edible fractions).  This 
indicated zooplankton biomass is almost entirely supported by phytoplankton biomass in 
these systems.  McCauley and Kalff’s (1981) predicted relationship, however, had a positive 
intercept (1.04), which would indicate that zooplankton were being supported by some 
alternative subsidy that could sustain it when phytoplankton biomass was reduced close to 
zero.  This supports del Giorgio et al’s (1995) hypothesis that allochthonous sources of 
nutrition are more important in less productive systems than in the eutrophic systems of this 
study.  
141 
 
We found that Z:P biomass significantly increased with the percent of edible 
phytoplankton present and proposed  that zooplankton were using resources more efficiently 
when there was a high percentage of small (< 35 µm), non-Cyanobacteria present.  This 
indicated that in the most productive systems, the base of the biomass pyramid was 
composed of an increasing proportion of inedible phytoplankton; however, the relationship 
between zooplankton and edible phytoplankton biomass may remain consistent across 
trophic states.       
 These results suggest a strong correlation between Cyanobacteria abundance and size 
with Z:P biomass which warrants further investigation in field and laboratory studies.  Our 
findings, based on field observations, support experimental results suggesting that size and 
nutritional value of Cyanobacteria are key mechanisms for the loss of resource use efficiency 
by zooplankton in these systems. Lakes in this study have phytoplankton production that can 
be an order of magnitude greater than that measured previous studies of zooplankton and 
phytoplankton biomass (e.g., del Giorgio and Gasol 1995; McCauley and Kalff 1981) and we 
have shown that over 90% of that biomass is being produced solely by Cyanobacteria.  
Previous work has suggested that the paradox of inverted versus normal biomass pyramids in 
lakes could be partially explained by allochthonous C inputs balancing out the bottom of the 
pyramid in systems with low primary productivity (del Giorgio et al. 1999; del Giorgio and 
Gasol 1995), but our findings augment those results.  Instead, we offer an alternative, and 
perhaps complementary, explanation from the other end of the trophic spectrum.  We have 
demonstrated that in the most productive systems, Z:P decelerates even more with increased 
phytoplankton biomass than was previously shown and that the rate of change in zooplankton 
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with phytoplankton biomass found in other studies can only be reconciled by considering 
inedible Cyanobacteria, that dominate these lakes.   
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Tables 
Table 1. Comparison of Type II regression coefficients for zooplankton biomass versus 
phytoplankton biomass.  Coefficients were estimated with and without the non-edible 
fraction of phytoplankton.  Comparable coefficients from other similar studies were also 
provided. 
Regression Estimate n r Model II B0 Model II B1 ± 95% CI 
All Phytoplankton 173 0.44 0.09 0.59±0.20 
Excluding Non-edible 173 0.40 0.07 0.79±0.21 
McCauley and Kalff (1981) 17 0.86 1.04 0.71 
del Giorgio and Gasol (1995) 33 0.82 NA 1.05 
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Figure Legends 
Figure 1. Zooplankton vs. phytoplankton biomass, reproduced from McCauley and Kalff 
(1981) and conceptual biomass pyramids.  P = theoretical phytoplankton mass, Z = 
theoretical zooplankton biomass.  The black dashed line represents a 1:1 line and the grey 
dashed line represents the least squares regression line.   
Figure 2. Map of the Eastern United States of America showing the locations of the 173 
lakes samples for this study (black dots).   
Figure 3. Mean zooplankton biomass (Crustacean only) versus phytoplankton biomass for 
the 173 lakes in this study.  Light grey squares represent total phytoplankton biomass and 
dark grey diamonds represent phytoplankton biomass with Cyanobacteria and large 
phytoplankton removed.  Data from McCauley and Kalff (1981) are provided as reference 
(white circles).  Model II regression lines are also shown (solid lines).  Dashed line 
represents unity (1:1 line).   
Figure 4. Frequency histogram for the average proportion of Cyanobacteria biomass relative 
to total phytoplankton biomass in the 173 lakes in this study.  Bin width = 0.05.   
Figure 5. Histogram of mean phytoplankton size, calculated as equivalent spherical diameter 
(ESD), for Cyanobacteria cells (dark grey) for all other phyoplankton divisions (light grey) 
for the 173 lakes in this study.   
Figure 6. Mean phytoplankton size, calculated as equivalent spherical diameter (ESD), 
versus Cyanobacteria biomass for the 173 lakes in this study.  Grey dashed line represents 
fitted least squares regression line.   
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Figure 7. Mean zooplankton:phytoplankton (Z:P) biomass ratio versus the percent of edible 
phytoplankton present.  Red dashed line represents fitted least squares regression line.   
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Chapter 6 
General Conclusions 
 
The four preceding chapters have all highlighted in some form how anthropogenic 
eutrophication alters ecosystem functioning in freshwater lakes.  Three of the chapters looked 
at changes through time and correlated them to expanding and intensifying agricultural 
practices in the region.  The fourth chapter compared contemporary data in some of the most 
eutrophic lakes with previous studies of less productive systems.     
 The results from Chapter 2 showed that nutrient enrichment significantly altered 
diatom community structure and production since European settlement and the onset of 
modern agriculture in the region.  We reconstructed total phosphorus (TP) concentrations 
from 32 natural lakes and found trends towards nutrient enrichment in most lakes.  Though 
quantitative interpretations of the diatom inferred total phosphorus (DI-TP) concentrations 
should be made with caution, significant shifts in the diatom assemblage towards species 
associated with eutrophication supported the general trend.  Additionally, independent 
analyses of biogenic silica flux (a proxy for diatom production) to the sediment corroborate 
these findings.  The results from this study suggest that diatom community structure is 
sensitive to TP enrichment and shifted in these lakes as agriculture intensified.   
 Chapter 3 looked at how anthropogenic eutrophication affects nutrient cycling, 
specifically organic carbon (OC) burial, in lakes.  This study looked at a subset of 7 of the 
natural lakes from Chapter 2.  We found that OC burial increased nearly 5-fold on average 
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since European settlement and that these increases were more highly correlated to 
agricultural intensification in the mid-20
th
 century, rather than initial clearing of the native 
prairie 100 years earlier.  These increases in OC burial were attributed to both increased 
allochthonous inputs from the watershed (due to erosion) as well as increased fixation of 
carbon from the atmosphere by algae (due to increased primary production).  These data 
were compared to OC burial rates from other studies, which focused primarily on less 
productive lakes.   The pre-European burial rates in this study were more similar to those 
seen in contemporary less productive systems and current rates of OC burial were higher than 
would be expected based on lake size.  This result demonstrated the importance of 
incorporating eutrophication into global carbon models, as they function differently than their 
less productive counter parts.   
 Chapter 4 expanded on the results from Chapter 3 and looked at the relative 
importance of external and internal inputs of sediment as eutrophication increases.  This 
study looked at sedimentation rates from all 32 of the lakes from Chapter 2 and estimated the 
fraction contributed from erosional sources versus in-lake productivity.  Results from this 
study showed that both external and internal inputs increased by 7-fold on average since 
European settlement.  Similar to OC burial rates in Chapter 3, deposition increases for 
erosional (soil) and in-lake produced (organic matter, carbonates) materials was most 
correlated to agricultural intensification rather than initial land clearance.  Cumulative 
erosional yield of sediment to aquatic systems since settlement was estimated to be over 15 
tons ha
-1
, most of which was deposited in the last 50 years.   This study showed that despite 
considerable investment in soil conservation and nutrient retention by the U.S. government, 
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deposition of both externally and internally produced sediment continues to increase in the 
most intensively agricultural regions.   
 Chapter 5 estimated resource use efficiency by herbivorous zooplankton in eutrophic 
to hypereutrophic lakes in comparison to previously published data in less productive lakes.  
This study tested long-standing theory on the relationship of zooplankton biomass to 
phytoplankton (Z:P) biomass (as biomass pyramids) in some of the most productive lakes in 
the world.  Previous work theorized that biomass pyramids in unproductive systems would be 
“inverted” and become increasingly “normal” as primary production increased.  We found 
that to be the case, but that the rate of change in Z:P was even greater (lower slope) in the 
most productive systems than previously predicted.   
 
